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Abstract 
 

A. Introduction and Objectives. Hazardous contaminants of heightened concern at DOD sites 
include the chlorinated solvents tetrachloroethene and trichloroethene, the solvent stabilizer 1,4-
dioxane, and perfluoroalkyl substances. Recent concern over these contaminants in surface waters 
and subsurface aquifers is driven by several factors, including widespread use and improper 
disposal practices by industry, high miscibility in water, recalcitrance to conventional degradation 
processes, and classification as probable human carcinogens. Current remediation technologies 
entail ex situ pump-and-treat procedures that are neither cost effective nor able to effectively 
remove co-contaminants such as 1,4-dioxane, tetrachloroethene, and trichloroethene, and 
perfluorooctanoic acid. The main objective of this work was to develop alternative ex situ and in 
situ bioremediation technologies based on a microbially driven Fenton reaction for degradation of 
hazardous contaminants at DOD sites. 
B. Technical Approach. The microbially driven Fenton reaction was subsequently employed to 
drive a HO. radical-generating Fenton reaction that degraded 1,4-dioxane, tetrachloroethene, and 
trichloroethene. In the microbially driven Fenton degradation system, S. oneidensis batch cultures 
were provided with lactate as electron donor and Fe(III) as anaerobic electron acceptor and 
exposed to alternating aerobic-anaerobic conditions. During the aerobic phase, S. oneidensis 
reduced oxygen to hydrogen peroxide, while during the anaerobic phase S. oneidensis reduced 
Fe(III) to Fe(II). During the aerobic-to-anaerobic transition period, the produced Fe(II) and 
hydrogen peroxide interacted chemically via the Fenton reaction to form Fe(III), HO- ion, and HOŸ 
radical which in turn can degrade contaminants. This approach was tested in liquid batch reactors, 
fed-batch reactors, and solid-state flow-through reactors. Further manipulation of Fenton reaction 
rates was examined by deleting reactive oxygen species (ROS) related genes in S. oneidensis. H2O2 
is a byproduct of incomplete metabolism of oxygen during aerobic respiration, and a key reactant 
during the Fenton reaction. By manipulating select genes, including catalases and peroxidases 
directly implicated in ROS defense in S. oneidensis, we endeavor to enhance the rate of 
contaminant degradation. 
C. Results. During the aerobic-to-anaerobic transition period, the microbially-driven Fenton 
reaction oxidatively degraded source-zone concentrations of 1,4-dioxane, tetrachloroethene, and 
trichloroethene. This method was applied to attempt degradation of perfluorooctanoic acid, but it 
remained recalcitrant to the microbially-driven Fenton reaction. Batch reactor experiments 
demonstrated that 1,4-dioxane degradation by the microbially-driven Fenton reaction may not be 
as efficient with ferrihydrite than ferric citrate as terminal electron acceptor. As organic ligands 
are known to affect the Fenton reaction, it is likely that stabilization of Fe(II) by ligands in solution 
as well as participation of the organic ligand in dark ROS production affects the generation of 
hydroxyl radicals that are involved in organic contaminant degradation. Furthermore, comparison 
of S. oneidensis H2O2 scavenging with ROS mutants and other Shewanella species demonstrates 
S. oneidensis as the weakest H2O2 scavenger tested. Perhaps the ability of S. oneidensis to degrade 
contaminants is due to poor ROS scavenging causing excessive extracellular hydroxyl radicals. 
D. Benefits. The microbially driven Fenton reaction provides a foundation for development of 
alternate ex situ and in situ remediation technologies to degrade contaminants DOD sites. In 
addition, the microbially driven Fenton reaction may be applied as an alternate remediation 
technology for a broad range of other emerging contaminants susceptible to degradation by 
hydroxyl radicals generated by the Fenton reaction, and thus may benefit remediation efforts 
throughout the United States.  
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Executive Summary 
 
Introduction. Heightened concern over 1,4-dioxane in contaminated surface and ground waters 
at DOD sites is driven by several factors, including the extensive use and improper disposal of 1,4-
dioxane in industrial processes, the high mobility of 1,4-dioxane in water, the recalcitrance of 1,4-
dioxane to degradation in the environment, and the classification of 1,4-dioxane as a probable 
human carcinogen. Current 1,4-dioxane remediation technologies generally entail ex situ pump-
and-treat procedures that are neither cost effective nor able to remove co-contaminants 
tetrachloroethene (PCE), trichloroethene (TCE) and perfluoroalkyl substances (PFAS) such as the 
flame retardant additives perfluorooctanesulfonic acid (PFOS) and perfluorooctanoic acid 
(PFOA). Cost-effective remediation technologies for ex situ and in situ removal of 1,4-dioxane 
and co-contaminants PCE, TCE, and PFAS have yet to be fully developed. Bioremediation is a 
promising alternative method for in situ remediation of 1,4-dioxane- and other contaminated 
waters. Contaminants may be degraded microbially via metabolic or cometabolic reactions. 
Microbial degradation is carried out aerobically by mixed microbial communities in industrial 
sludge, and 1,4-dioxane-degrading bacteria have been isolated. Only a limited number of studies 
have examined microbial degradation of 1,4-dioxane under anaerobic conditions, and the 
degradation rates under nitrate-, iron-, and sulfate-reducing conditions are exceedingly slow. Ex 
situ treatment of 1,4-dioxane-contaminated ground water involves pumping and treatment via 
advanced oxidation processes.  

In the Fenton reaction (equation 1), H2O2 reacts with ferrous iron (Fe(II)) to produce ferric 
iron (Fe(III)), hydroxyl ion (OH-), and hydroxyl radical (HO•):  
Fe(II) + H2O2 → Fe(III) +-OH + HO•     (1) 
Due to their high oxidation potential, Fenton reaction-generated HO• radicals oxidatively degrade 
a wide variety of hazardous organic compounds, including landfill leachates, chlorinated aliphatics 
and aromatics, dry-cleaning solvents, pharmaceuticals, pentachlorophenol (PCP), 
tetrachloroethene (PCE), trichloroethene (TCE) and 1,1,2-trichloroethane (TCA). 

Microbially driven Fenton reactions based on production of H2O2 via microbial O2 
respiration and Fe(II) via microbial Fe(III) reduction alleviate the need for continual addition of 
H2O2 and Fe(II) that drive the chemical Fenton reaction. The microbially driven Fenton reaction 
designed in the present study was based on the original observation that the Fe(III)-reducing 
facultative anaerobe Shewanella oneidensis liquefied the agar support directly beneath colonies 
grown aerobically on solid growth medium supplemented with Fe(III). Under such conditions, 
high microbial O2 consumption rates directly beneath the colony effectively lowered the O2 
concentrations to levels that permitted simultaneous microbial Fe(III) reduction, concomitant 
production of the Fenton substrates H2O2 and Fe(II), and agar liquefaction via interaction with the 
resulting HO• radicals. The microbially driven Fenton reaction was subsequently employed to drive 
a HO• radical-generating Fenton reaction that degraded pentachlorophenol (PCP), a highly toxic 
chlorinated compound also widely distributed in contaminated ground waters and subsurface 
aquifers. In the PCP degradation system, S. oneidensis batch cultures were provided with lactate 
as electron donor and Fe(III) as anaerobic electron acceptor and exposed to alternating aerobic-
anaerobic conditions. During the aerobic phase, S. oneidensis reduced O2 to H2O2, while during 
the anaerobic phase S. oneidensis reduced Fe(III) to Fe(II). During the aerobic-to-anaerobic 
transition period, the produced Fe(II) and H2O2 interacted chemically via the Fenton reaction to 
form Fe(III), OH- ion, and HO•  radical, which, in turn, oxidatively dechlorinated PCP. This 
microbially driven Fenton degradation system was autocatalytic since continual inputs of Fe(II) 
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and H2O2 were not required to drive degradation. Fe(III) produced by H2O2-catalyzed Fe(II) 
oxidation was readily re-reduced back to Fe(II) by S. oneidensis in subsequent anaerobic phases. 
Objectives. Based on the ability of the S. oneidensis-driven Fenton reaction to catalyze the 
oxidative dechlorination of PCP without continual addition of Fenton reagents Fe(II) or H2O2, we 
proposed that the system also catalyzes the degradation of 1,4-dioxane, PCE, and TCE. The main 
objectives of the Project ER-2305 were to i) design a microbially driven Fenton reaction that 
autocatalytically generated HO• radicals and degraded 1,4-dioxane, TCE, and PCE singly or in 
combination as co-contaminants at circumneutral pH without the need for continual addition of 
H2O2 or UV irradiation to regenerate Fe(II), ii) optimize the 1,4-dioxane degradation rates by 
varying the duration and frequency of the aerobic and anaerobic incubation periods, and iii) 
determine the pathway for 1,4-dioxane degradation by identifying the transient intermediates 
produced during the microbially driven Fenton reaction for 1,4-dioxane degradation.  

Upon completion of the above, the project expanded to include the chemicals TCE and 
PCE. Although TCE and PCE are often comingled with 1,4-dioxane in contaminated ground water, 
only a limited number of studies have examined simultaneous degradation of multiple 
contaminants, with emphasis on binary mixtures of TCE and 1,4-dioxane or TCE and PCE. The 
main objectives of the present study were to (i) design a new fed batch, microbially-driven Fenton 
reaction system that minimizes contaminant loss due to volatility by separating the Fe(II)-
generating, H2O2-generating, and contaminant degradation phases and ii) apply the new 
microbially-driven Fenton reaction system to simultaneously degrade single, binary, and ternary 
mixtures of TCE, PCE, and 1,4-dioxane. 

Upon completion of the above, we applied the microbially driven Fenton reaction system 
to the emerging contaminant perfluorooctanoic acid (PFOA). The objective of this research was 
to develop novel ex situ and in situ remediation technologies for degradation of PFAS, which have 
received recent heightened attention as emerging contaminants and persistent organic pollutants. 
In this component of the project, PFOA degradation was examined via the microbially-driven 
Fenton reaction. However, PFOA ultimately proved to be recalcitrant to this approach due to 
apparent lack of reactivity with the HO• radical. 
 As iron oxyhydroxides and iron-reducing bacteria are ubiquitous in soils and sediments, 
the microbially-driven Fenton reaction may represent an economical in situ bioremediation 
strategy for organic contaminants. This study used flow-through and batch incubations to: (i) 
determine whether natural Fe(III) oxyhydroxide substrates promote the microbially-driven Fenton 
process; (ii) determine whether the microbially-driven Fenton reaction process and the degradation 
of 1,4-dioxane as example of contaminant can be sustained in flow-through columns (FTCs); and 
(iii) study the mechanism of the reaction and optimize experimental conditions to make the 
microbially-driven Fenton reaction sustainable in FTCs, with the ultimate goal of transferring this 
technology to pump-and-treat applications. 

As demonstrated, microbial production of extracellular H2O2 can be exploited in 
engineered systems to drive the Fenton reaction (Eq. 1) for degradation by oxidation of recalcitrant 
compounds that would otherwise persist in the environment. Other reactive oxygen species (ROS) 
include peroxides and superoxide, which are byproducts of incomplete metabolism of molecular 
oxygen during cell metabolism and extracellular processes. By manipulating select genes directly 
implicated in defense against oxidative stress in the facultative anaerobe Shewanella oneidensis, 
including catalases (2 H2O2 → 2 H2O + O2) and peroxidases (ROOR’ + 2e- + 2H+ → ROH + 
R’OH), we hope to enhance the treatment system/process by increasing rate of the Fenton reaction 
and thereby the rate of contaminant degradation. 
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Technical Approach. Design of a Microbially Driven Fenton Reaction for 1,4-Dioxane 
Degradation in a Batch Reactor System. The experimental conditions for the microbially-driven 
Fenton degradation of 1,4-dioxane consisted of S. oneidensis batch cultures amended with Fe(III) 
and 1,4-dioxane, and exposed to different aerobic/anaerobic cycling periods. S. oneidensis was 
grown aerobically in LB on a rotary shaker (200 rpm, 30 °C) to early stationary phase (OD600 = 
1.5), harvested by centrifugation at 6000 x g, washed and resuspended in LS medium to a final 
cell density of 109 cells per ml. Anaerobic stock solutions of Fe(III) citrate and 1,4-dioxane were 
added to final concentrations of 10 mM each. The cell culture was allowed to reduce Fe(III) citrate 
for pre-selected time periods (45 min, 1.5 h, 3 h, and 6 h) under anaerobic conditions maintained 
by continuously sparging with hydrated high-purity nitrogen to determine optimal cycle time. 
Reactor temperature (25°C) and pH (7.0) were held constant in all experiments. Aerobic conditions 
were initiated by sparging the culture with hydrated compressed air for pre-selected time periods 
(45 min, 1.5 h, 3 h, and 6 h). Cell density was monitored by determining colony forming units on 
LB agar plates incubated at 30 °C for 72 h. Analytical methods can be found in (Sekar et al., 2014). 

Design of Fed Batch Reactor System for Simultaneous Degradation of TCE, PCE, and 1,4-
Dioxane by the Microbially-Driven Fenton Reaction. The toxicity of single, binary, and ternary 
mixtures of TCE, PCE, and 1,4-dioxane was tested in LS medium by comparing aerobic growth 
of S. oneidensis batch cultures in the presence and absence of the contaminant mixtures. To avoid 
inadvertent loss of contaminants due to volatility during injection of compressed nitrogen or 
compressed air, the batch reactor system previously employed for 1,4-dioxane degradation was 
modified and the Fe(II)-generating, H2O2-generating, and contaminant degradation phases were 
separated. In the Fe(II)-generating phase, contaminant-free S. oneidensis liquid cultures (109 cells 
mL-1 in LS medium amended with 10 mM Fe(III)) were incubated in 60-mL glass serum bottles 
under anaerobic conditions by injecting (hydrated) compressed nitrogen until the entire 10 mM 
pool of Fe(III) was reduced to approximately 10 mM Fe(II) (Fe(II)-generating phase). The 
compressed nitrogen line was then replaced by a (hydrated) compressed air line and the 10 mM 
Fe(II)-containing S. oneidensis liquid culture was incubated under aerobic conditions until the 10 
mM pool of Fe(II) was oxidized to approximately 4 mM level (H2O2-generating phase). The 4 mM 
residual Fe(II) was carried into the contaminant degradation phase to interact with the pool of 
microbially-produced H2O2 and generate HO•  radicals. The contaminant degradation phase was 
initiated by adding single, binary, and ternary mixtures of TCE, PCE, and 1,4-dioxane with a sterile 
syringe. The contaminant degradation phase was carried out for approximately 5 days (without gas 
injection) and the contaminant concentrations were monitored via high pressure liquid 
chromatography (HPLC). Two similar cycles were repeated. Analytical methods can be found in 
(Sekar et al., 2016). 

Design of a Microbially Driven Fenton Reaction for Perfluorooctanoic Acid in a Batch 
Reactor System. The experimental conditions for the microbially-driven Fenton degradation of 
PFOA were nearly identical to the batch system designed to degrade dioxane. Each bioreactor 
consisted of S. oneidensis batch cultures amended with Fe(III) and 1uM PFOA, and exposed to an 
aerobic/anaerobic cycling period of 3 hours. Aerobic conditions were initiated by sparging the 
culture with hydrated compressed air for pre-selected time periods and cycled four times. 
Immediately following decommissioning of batch reactors, 2 mL of liquid culture samples were 
aliquoted into microcentrifuge tubes. Each sample was spiked with 13C labeled M2PFOA 
(extraction control) for a final concentration of 100nM and stored at 4C. 3 mL of HPLC-grade 
water (pH=10, adjusted with NaOH) was added to 0.5 mL of liquid culture in a 15 mL borosilicate 
glass tube, then vortexed on high speed for 10 seconds and incubated at room temperature for 30 
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minutes. 4 mL of methyl tert-butyl ether (MTBE) was added to the tube and vortexed on high for 
20 minutes. Tubes were set upright to allow separation of aqueous and organic layers, then 
MTBE (organic layer containing PFOA) was removed using a glass syringe with a steel luer-lock 
needle to a new 15mL borosilicate glass tube. MTBE extraction steps were repeated three times, 
then stored at 4C if required. Samples were centrifuged in a speedvac at 4000rpm for 1.5 hrs to 
evaporate MTBE from tubes, then resuspended in 1mL of 90:10 H2O:acetonitrile. Each sample 
was spiked with 13C labeled M8PFOA (instrument control) for a final concentration of 100nM. 
Samples were vortexed and transferred to HPLC vials, then analyzed using liquid chromatography 
combined with tandem mass spectrometry (LC-MS/MS). The full analytical procedure can be 
found in the extended final report. 

Design of a Microbially Driven Fenton Reaction for 1,4-Dioxane Degradation.in a Flow-
Through Reactor System. FTCs consist of cylindrical reactors of 15 cm long and 4 cm diameter 
that are filled with freshly prepared ferrihydrite-coated sand. The FTCs include a flow cell 
positioned in line with the outlet stream that can accommodate voltametric microelectrodes to 
measure the composition of the outlet stream as a function of time. Outlet streams are sampled 
after the flow cell with a fraction collector for analysis of reactants and products. Using voltametric 
Au/Hg microelectrodes with a potentiostat and multiplexer that is operated autonomously, the 
concentration of dissolved oxygen (O2(aq)) and Fe(II) are monitored at each electrode 
simultaneously in the output flow. Additional analyses conducted in the outlet fluids include: 
inorganic anions and organic acids by ion chromatography; H2O2 by horseradish peroxidase 
oxidation with resorufin as fluorescent indicator after stabilization in 100 mM 
diethylenetriaminepentaacetic acid (DTPA) to inhibit iron redox rxns; and dioxane by HPLC.  

Enhancement of the Microbially Driven Fenton Reaction via Genes Involved in Oxidative 
Stress Response. Ten in-frame single and double gene deletion mutants related to oxidative stress 
were constructed in Shewanella oneidensis MR-1. One dedicated catalase (SO_1070, ΔkatB), two 
bifunctional catalase-peroxidases (SO_0725, ΔkatG2; SO_4405, ΔkatG1), and periplasmic 
glutathione peroxidase (SO_3349, ΔpgpD) were deleted from S. oneidensis MR-1 as described in 
(Toporek et. al., 2019). Double deletion combinations of each gene were also constructed to further 
elucidate the effects of each gene on ROS defense. To compare the abilities of the Shewanella spp. 
to remove H2O2 from their environment, strains were seeded overnight at 30ºC in lysogeny broth, 
harvested by centrifugation at 3000 rpm, washed and transferred into minimal medium amended 
with 20mM lactate at an 2 x 107 cells mL-1. Cells were incubated at 30ºC until harvesting at mid-
log phase, washed twice, then inoculated at 5 x 107 cells mL-1 into a 24-well plate holding 2mL 
minimal medium amended with 20mM lactate and 0-100 μM of H2O2. Samples were collected 
every 3-5 minutes and analyzed immediately for residual exogenous H2O2 using the resorufin-
horseradish peroxidase colorimetric assay. Plates were incubated aerobically at room temperature 
with shaking for the duration of the experiments (30-200min). 
Results and Discussion. Microbially Driven Fenton Reaction for Degradation of the Widespread 
Environmental Contaminant 1,4-Dioxane. The 1,4-dioxane degradation process was driven by 
pure cultures of the Fe(III)-reducing facultative anaerobe Shewanella oneidensis manipulated 
under controlled laboratory conditions. S. oneidensis batch cultures were provided with lactate, 
Fe(III), and 1,4-dioxane and were exposed to alternating aerobic and anaerobic conditions. The 
microbially driven Fenton reaction completely degraded 1,4-dioxane (10 mM initial 
concentration) in 53 h with an optimal aerobic-anaerobic cycling period of 3 h. Acetate and oxalate 
were detected as transient intermediates, an indication that conventional and microbially-driven 
Fenton degradation processes follow similar reaction pathways.  
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Figure 1. Fe(II) and 1,4-dioxane concentrations during microbially-driven Fenton degradation of 1,4-
dioxane (10 mM initial concentration) with an aerobic/anaerobic cycling period of 3 h: (a) Fe(II); (b) 1,4-
dioxane; red , cells + 1,4-dioxane + Fe(III); blue , S. oneidensis cells omitted; black ▲, 1,4-dioxane 
omitted; green ×,Fe(III) omitted; dashed red , No Gas control. Grey shaded areas correspond to anaerobic 
phases and unshaded areas correspond to aerobic phases.  
 To initiate HO• radical production by the S. oneidensis-driven Fenton reaction, Fe(III)-
containing S. oneidensis cultures were exposed to alternating and anaerobic conditions. During the 
aerobic phase, S. oneidensis reduced O2 to H2O2, while during the anaerobic phase, S. oneidensis 
reduced Fe(III) to Fe(II)(Fig. 1a). During the aerobic-to-anaerobic transition period, the produced 
Fe(II) and H2O2 interacted chemically via the Fenton reaction to form Fe(III), OH- ion, and HO• 
radical which, in turn, degraded 1,4-dioxane at source zone concentrations (6 mg/L, 10 mM)(Fig. 
1b). Subsequent optimization studies demonstrated that 10 mM 1,4-dioxane was degraded to 
below detection limits in 53 h with optimum aerobic-anaerobic cycling periods of 3 h. The 1,4-
dioxane degradation system was autocatalytic since continual inputs of Fe(II) and H2O2 were not 
required to drive 1,4-dioxane degradation. Fe(III) produced by H2O2-catalyzed Fe(II) oxidation 
was readily re-reduced back to Fe(II) by S. oneidensis in subsequent anaerobic phases. These 
results demonstrate that the S. oneidensis-driven Fenton system degrades 1,4-dioxane without 
continual addition of Fenton reagents Fe(II) and H2O2.  

Concentrations of 1,4-dioxane remained constant in the presence of the HO• radical-
scavenging compounds, thus indicating that HO• radicals are involved in the microbially driven 
1,4-dioxane degradation process (not shown). The requirement for microbial Fe(III) reduction was 
tested by replacing Fe(III) with NO3

- and carrying out an otherwise identical set of incubations 
with NO3

--containing S. oneidensis cultures subjected to alternating aerobic and anaerobic cycling 
periods. In these experiments, 1,4-dioxane was not degraded with NO3

- as electron acceptor, nor 
was 1,4-dioxane degraded in the absence of Fe(III) or S. oneidensis cells. These results indicate 
that microbial Fe(III) reduction was required to continually drive the 1,4-dioxane degradation 
process.  

TCE Degradation in the Presence and Absence of PCE and 1,4-Dioxane. Rates of 
degradation of TCE as sole contaminant were 18-54% lower in binary and ternary mixtures of 
PCE and 1,4-dioxane (Fig. 4a). Decreases in TCE degradation rates in the binary and ternary 
contaminant mixtures are most likely due to competition for HO• radicals by PCE (with a kHO

. 62% 
higher than TCE) or 1,4-dioxane (with a kHO

. approximately 43% higher than TCE and amended 
at 20-fold higher concentrations than TCE). Rates of degradation of PCE as sole contaminant were 
not affected by TCE in binary mixtures of TCE and PCE, but were 4-38 % lower in binary and 
ternary mixtures containing 1,4-dioxane. The inability of TCE to affect PCE degradation rates is 
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most likely due to the 62% higher kHO
. for PCE than TCE. Decreases in PCE degradation rates in 

the binary and ternary contaminant mixtures containing 1,4-dioxane are most likely due to 
competition for HO• radicals by 1,4-dioxane, which was amended at 20-fold higher concentrations 
than PCE. Rates of degradation of 1,4-dioxane as sole contaminant were 39-65% lower in binary 
and ternary mixtures of TCE and PCE (Fig 2). Decreases in 1,4-dioxane degradation rates in the 
binary and ternary contaminant mixtures are most likely due to competition for HO• radicals by 
PCE (with a kHO

. 13% higher than 1,4-dioxane; Fig. 4c). During the third 1,4-dioxane degradation 
cycle, however, 1,4-dioxane degradation rates rebounded to 70 – 101% of the degradation rates 
with 1,4-dioxane as sole contaminant, most likely due to decreases in PCE concentrations below 
threshold levels for PCE to compete effectively with 1,4-dioxane for HO• radicals during the third 
contaminant degradation cycle (Fig. 2).  

 

 

 
Figure 2. Concentration profiles during microbial Fenton degradation of TCE, PCE and 1,4-dioxane in fed 
batch liquid cultures of S. oneidensis amended with 10 mM Fe(III)-citrate, single, binary, and ternary 
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mixtures of TPD (100 μM TCE, 100 μM PCE and 2 mM 1,4-dioxane) and subjected to : Anaerobic, aerobic 
and TPD degradation phases: (a) Fe(II) (for TCE reactions); (b) TCE; (c) Fe(II) (for PCE reactions); (d) 
PCE; (e) Fe(II) (for 1,4-dioxane reactions); (f) 1,4-dioxane; solid red (), single contaminant only; solid 
black (x), TCE + 1,4-dioxane; solid green (), TCE + PCE; solid blue (), PCE + 1,4-dioxane; solid black 
(▲), TCE + PCE + 1,4-dioxane; dashed black (), no contaminant control. Grey shaded areas correspond 
to Fe(II)-generating phase, yellow shaded areas correspond to H2O2-generating phase, and unshaded areas 
correspond to contaminant degradation phase. Arrows indicate time of addition (day 2) and respiking (day 
9 & 16) of contaminants. 

PCE Degradation in the Presence and Absence of TCE and 1,4-Dioxane. Nearly 
identical patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and chemical (O2-
catalyzed) Fe(II) oxidation were observed in analogous PCE, TCE-PCE (TP), PCE-1,4-dioxane 
(PD), and TCE-PCE-1,4-dioxane (TPD) comingled contaminant degradation experiments (Figs. 
2c). HO• radical production was initiated by the S. oneidensis-driven Fenton reaction. At the 2-d 
time point, the P, PT, PD, and TPD mixtures were added to initiate the first contaminant 
degradation phase. P was degraded as sole contaminant at nearly identical rates in the three 
successive contaminant degradation phases. P concentrations remained constant at 100 μM in 
parallel control incubations lacking Fe(III) or S. oneidensis cells, but including three identical 
cycles of successive anaerobic (Fe(II)-generating), aerobic (H2O2-generating), and contaminant 
(P, PT, PD, and TPD) degradation phases. Identical patterns of microbial (S. oneidensis-catalyzed) 
Fe(III) reduction and chemical (O2-catalyzed) Fe(II) oxidation were observed in parallel control 
incubations with contaminants omitted, which indicated that rates of microbially-catalyzed Fe(III) 
reduction and O2-catalyzed Fe(II) oxidation were not affected by the presence of the P, PT, PD, or 
TPD mixtures. 

1,4-Dioxane degradation in the presence and absence of TCE and PCE. Nearly 
identical patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and chemical (O2-
catalyzed Fe(II) oxidation were observed in analogous D, DT, DP, and TPD contaminant 
degradation experiments (Fig. 2e). D was degraded at nearly identical rates as sole contaminant in 
the three successive contaminant degradation phases (2-7, 9-14, and 16-19 d time periods, Fig. 
2e). D concentrations remained constant at 100 μM in parallel control incubations lacking Fe(III) 
or S. oneidensis cells, but including three identical cycles of successive anaerobic (Fe(II)-
generating), aerobic (H2O2-generating), and contaminant (D, DT, DP, and TPD) degradation 
phases. Identical patterns of microbial Fe(III) reduction and chemical Fe(II) oxidation were 
observed in parallel control incubations with contaminants omitted (Fig. 1e), which indicated that 
rates were not affected by the presence of the D, DT, DP, or TPD mixtures. 

Similar to previous results reported with purely chemical Fenton reactions, results of the 
present study indicate that contaminant degradation rates in the microbially-driven Fenton reaction 
depend on the kHO

. of competing contaminants, the initial contaminant concentration, and the 
number of double bonds in the contaminant molecular structure. In binary and ternary mixtures, 
contaminants with greater kHO

. suppress the degradation of other contaminants with lower kHO
. and 

the contaminant degradation phase must be extended for longer time periods to degrade 
contaminants below detection limits. The microbially-driven Fenton reaction may thus be applied 
as an effective ex situ platform for simultaneous degradation of at least three (and potentially more) 
co-mingled contaminants at source zone levels. 
 Optimizing the Microbially-Driven Fenton Reaction in Flow-Through Column Reactors. 
The FTCs loaded with ferrihydrite-coated sand and S. oneidensis were exposed to the contaminant 
1,4-dioxane for about six weeks under fully aerated conditions to determine whether the generation 
of ROS in these conditions was able to promote the degradation of 1,4-dioxane. Two columns 
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were continuously injected either with aerated or degassed medium while 1,4-dioxane was added 
and removed twice from the input solution to simultaneously determine the effect of 1,4-dioxane 
on ROS production. Breakthrough curve of 1,4-dioxane revealed that a small fraction of 1,4-
dioxane injected into the FTCs was removed from the input solutions, likely via reaction with ROS 
species as the fraction removed was much higher in the fully aerated flow-through column 
compared to the degassed and abiotic control columns (Fig. 3a). These findings provide strong 
evidence for the microbial-driven Fenton reaction in flow-through systems, although the reaction 
may not be as efficient as originally achieved in batch reactors. The experimental conditions were 
then varied to optimize the microbially-driven Fenton process. First, net rates of Fe(II), H2O2, and 
acetate production at the output of the FTCs indicated that the concentration of inorganic 
phosphate in the input medium had to be raised to at least 50 uM to facilitate growth of S. 
oneidensis. Moreover, net rates of Fe(II) and H2O2 production decreased significantly when lactate 
concentration in the inlet medium was decreased from 5 to 1 mM. These findings suggest that a 
constant supply of 5 mM was enough to sustain microbial growth and that acetate consumption 
was enhanced in aerobic conditions at high lactate concentration, likely as a result of the significant 
increase in cell concentrations. Finally, the flow rate of the input solution into the FTCs was 
changed to examine its impact on microbially-driven Fenton reaction, and the net rate of both 
dissolved Fe(II) and H2O2 production increased proportionally to the flow rate.  
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Figure 3. a. Breakthrough curve of 1,4-dioxane in biotic aerated and biotic degassed FTCs compared to 
the abiotic control. b. 1,4-dioxane degradation by S. oneidensis as a function of time during redox cycles 
in M1 medium amended with different orthophosphate concentrations (black squares, 50 µM; red circles, 
1 mM; blue triangles, 9 mM) relative to an abiotic control (green triangles). White areas correspond to the 
sealed periods, while blue shaded areas correspond to aerated periods.  

Role of Orthophosphate and organic ligands in the Microbially-Driven Fenton Reaction. 
Batch reactor experiments demonstrated that higher orthophosphate concentrations are preferred 
to enhance bacterial growth in the reactors and that most of this growth appears to occur during 
the aerated phase of the incubations. In addition, high orthophosphate concentrations are preferred 
to promote the microbially-driven Fenton reaction, as low orthophosphate concentrations promote 
production of ferryl-ion intermediates that may decrease the production of hydroxyl radicals. In 
turn, high orthophosphate concentrations promote precipitation of iron phosphate minerals as 
secondary mineral products that may limit the recycling of Fe(III) oxyhydroxides. Thus, 
orthophosphate concentrations that are sufficiently high to promote growth and generate hydroxyl 
radicals are required to be able to sustain the microbially-driven Fenton reaction but not enough to 
exceed the solubility product of vivianite and other iron phosphate minerals which may scavenge 
iron and decrease the sustainability of the reaction. Secondary mineralization to goethite was 
evident in the low orthophosphate incubations and did not appear to prevent the microbially-driven 
Fenton reaction. Batch reactor experiments also demonstrated that 1,4-dioxane degradation by the 
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microbially-driven Fenton reaction may be less efficient with ferrihydrite than ferric citrate as 
terminal electron acceptor, even though recycling of Fe(III) during the first oxidative cycle in the 
ferric citrate incubations resulted in the production of an iron oxyhydroxide phase with the same 
reactivity as in the ferrihydrite incubations.  
 Application of the Microbially-Driven Fenton Reaction for Degradation of the 
Perfluoroalkyl (PFAS) Substances Perfluorooctanoic Acid (PFOA). After four cycles of the 
microbially driven Fenton reaction, endpoint samples from each bioreactor were analyzed for 
remaining PFOA. All bioreactors reduced and reoxidized Fe(III)-citrate at similar rates as expected 
in all cycles (Fig. 4a). PFOA extraction percent recoveries recovered almost all of the original 1 
μM +/- 20 nM (Fig. 5b), indicating the PFOA extraction method is robust enough to recover all 
PFOA. However, this also indicates no PFOA was degraded by the microbially-driven Fenton 
reaction. No bioreactors showed evidence of any PFOA degradation after MTBE extraction and 
LC-MS/MS analysis (no PFOA, 2%; experimental, 98%; abiotic, 101%; no Fe, 99%) when 
compared with the neat 1 μM control sample (Fig. 4b).  

 
Figure 4. a. Four cycles of microbially driven Fenton bioreactors incubated with 1 μM PFOA. Error bars 
are present but may be hidden behind markers. b. Residual PFOA in bioreactors after MTBE extraction and 
LC-MS/MS quantitation (extraction percent recovery in parentheses, %).  
 We attempted several iterations of bioreactors, changing variables including cell density, 
cycling times, Fe(III)-citrate concentration, and cell growth medium, but no PFOA was degraded 
(representative data in Fig. 4). Recent literature asserts that PFOA is not degraded by the hydroxyl 
radical or superoxide, nor does the hydroxyl radical provide ancillary benefits to other radical 
attacks. Due to PFOA’s recalcitrance to the microbially driven Fenton reaction and the hydroxyl 
radical, it was not prudent to pursue degradation of other PFAS via the microbially driven Fenton 
reaction. 
 Enhancement of the Microbially-Driven Fenton Reaction via Genetic Manipulation of 
Shewanella Genes Involved in Oxidative Stress Response. All single mutants had impaired 
exogenous H2O2 scavenging rates when compared with the wild-type under the conditions tested, 
with ΔpgpD again displaying the lowest scavenging rate (Fig 5a). ΔpgpD scavenged 20 μM 
exogenous H2O2 in 80 minutes, double the wild-type scavenging time, and displayed similarly 
depressed Km and Vmax when compared to wild-type (8.6 vs. 15.2 μM; 0.5 vs 1.9 μM/min, 
respectively, Table 1 in full report). ΔkatG1 again showed the second most affected scavenging 
rate (Km 2.7 μM, Vmax 0.5 μM/min) when compared with the wild type (Fig. 5a), but the Km is 
likely skewed low due to the mutant switching kinetic strategies during the experiment.  
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Figure 4. a. Michaelis -Menten saturation plots from whole-cell scavenging of exogenous H2O2 from 0-20 
μM in minimal medium by wild-type S. oneidensis MR-1 and in-frame gene deletion mutants S. oneidensis 
ΔkatB, ΔkatG-1, ΔkatG-2, and ΔpgpD. b. Michaelis -Menten saturation plots from whole-cell scavenging 
of exogenous H2O2 from 0-100 μM in minimal medium by wild-type S. oneidensis MR-1, S. algae BrY, S. 
baltica, and S. algae MN-01. 

ΔkatG1 may experience a 20-minute acclimation period to H2O2, during which it may 
upregulate or induce other genes that are able to compensate for KatG1 and rapidly scavenge any 
remaining H2O2. Surprisingly, ΔkatB and ΔkatG2 showed near-wild-type patterns of H2O2 
scavenging (Km 13.8, 13.2 μM; Vmax 1.4, 1.5 μM/min, respectively) (Table 1 in full report). In 
another study, these genes were the most upregulated under exogenous H2O2 stress. It is likely that 
loss of either KatB or KatG2 within a background of other functional scavenging enzymes is not 
enough to show a significant deleterious effect. 
 Following these results, double mutants were tested to determine whether there was more 
significant impairment of H2O2 scavenging rates upon concurrent loss of multiple scavenging 
proteins (Fig. 5.5 in full report). ΔkatBΔkatG1 and ΔkatBΔkatG2 scavenging rates were 
significantly impaired (Km 6.4, 2.4 μM; Vmax 1.0, 0.4 μM/min, respectively) especially above 10 
μM H2O2. ΔkatBΔpgpD and ΔkatG1ΔpgpD were also significantly impaired and took 
approximately twice as long as wild-type to clear exogenous H2O2 (Km 3.1, 3.1 μM; Vmax 0.6, 0.3 
μM/min, respectively). ΔkatG2ΔpgpD was mildly impaired when compared to wild-type 
scavenging time, but significantly impaired at scavenging kinetics (Km 1.8 μM, Vmax 0.4 μM/min). 
ΔkatG1ΔkatG2 scavenged H2O2 in a similar amount of time as wild-type (Fig. 5.5 in full report), 
but with different kinetics (Km 4.9 μM, Vmax 1.0 μM/min). Loss of only katB does not impact 
scavenging rates as much as loss of katG1, but when both katB and either katG1 or katG2 are 
absent from the genome, scavenging rates are severely affected. This suggests S. oneidensis likely 
utilize KatG1 or KatG2 in the absence of the main catalase KatB. Loss of PgpD in combination 
with loss of another scavenger also further impairs H2O2 scavenging rates, but not as severely. 
Under the conditions tested, all single mutant strains had similar rates of Fe(III) reduction 
(1mM/hr) and reoxidation (2.4mM/hr) (Fig. 5.6 in full report) with the wild-type strain. Clearly, 
mutants can still respire on Fe(III)-citrate at wild-type rates and this ability was not affected by 
lack of catalase or peroxidase. Double mutants were not tested. Incubations with a contaminant 
remains to be tested to determine whether mutants with reduced rates of H2O2 scavenging have 
enhanced 1,4-dioxane degradation rates.  

Along similar lines, we tested other Shewanella species S. algae BrY, S. baltica, and S. algae 
MN-01 for their H2O2 scavenging rates, at a higher concentration range than previously (0-100 μM) 
as a comparison (Fig. 4b). S. oneidensis MR-1 was by far the weakest H2O2 scavenger tested (Km 
3.8 μM, Vmax 1.1 μM/min), and appears to reach saturation above 40 μM, where the scavenging 
profile changes from zero order between 0-40 μM to first order above 40 μM. S. baltica and S. 
algae MN0-1 were the strongest scavengers tested (Km 4195.2, 806.1 μM; Vmax 320.3, 64.6 
μM/min, respectively) and likely were not saturated at conditions tested. Consequently, Km and 
Vmax reported here may be excessively high, and these experiments need to be repeated at a higher 
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concentration range to determine true Km and Vmax. S. algae BrY (Km 62.9 μM, Vmax 4.1 μM/min) 
placed in between S. oneidensis and the other two species for H2O2 scavenging rate. Comparison 
of S. oneidensis H2O2 scavenging with ROS mutants and other Shewanella species indicates S. 
oneidensis as the weakest H2O2 scavenger tested. Perhaps the ability of S. oneidensis to degrade 
contaminants is in part due to poor ROS scavenging causing excessive extracellular hydroxyl 
radicals. 

 
Implications for Future Research and Benefits 

In previous applications of conventional (purely abiotic) Fenton reactions, 1,4-dioxane was 
degraded at rates approximately 20-fold greater than the microbially-driven Fenton reaction 
designed in the present study. Such differences may be due to the high concentrations (15 mM) of 
exogenous H2O2 employed to drive the chemical Fenton reaction systems. However, after 
normalization on a per mg protein basis, the reaction rates observed in the present study are 4-to-
5-fold greater than the enzymatic rates of 1,4-dioxane degradation by Pseudonocardia species. In 
the present study, S. oneidensis produced micromolar levels of H2O2, presumably as a by-product 
of microbial aerobic respiration during the aerobic cycling periods. Addition of exogenous H2O2 
was therefore not required to drive the microbially-driven Fenton reaction. The chemical Fenton 
reaction also requires re-reduction of Fe(III) produced during H2O2-catalyzed Fe(II) oxidation 
reactions. Fe(III) re-reduction processes such as those catalyzed by UV irradiation are possible 
during ex situ 1,4-dioxane degradation processes, yet UV light penetration represents a formidable 
obstacle for in situ 1,4-dioxane remediation technologies.  

In the microbially-driven Fenton reaction designed in the present studies, S. oneidensis 
respiratory processes catalyze both H2O2 production and Fe(III) re-reduction. Since microbial 
Fe(III) reduction has been detected in a variety of aquatic environments, including contaminated 
subsurface aquifers, the microbially-driven Fenton reaction may be induced by exposing Fe(III)-
reducing facultative anaerobes in Fe(III)-containing contaminated environments to alternating 
aerobic and anaerobic conditions. Alternately, the microbially-driven Fenton reaction may be 
stimulated by injecting soluble Fe(III), nanoparticulate zero-valent iron or electrolytic systems in 
the flow path of 1,4-dioxane-contaminated subsurface aquifers and exposing endogenous (or 
injected) Fe(III)-reducing bacteria to alternating aerobic and anaerobic conditions. Microbially-
driven Fenton reaction may also be initiated through bioaugmentation at plume fringes where 
heterogeneous aerobic/anaerobic redox zonation may occur. In principal, targets for ex situ and in 
situ degradation by the microbially-driven Fenton reaction developed in the present study include 
multiple combinations of environmental contaminants susceptible to attack by Fenton reaction-
generated HO∙  radicals, including co-mingled plumes of 1,4-dioxane, PCE, and TCE. 
Unfortunately, PFOA is recalcitrant to the HO• radical. 

Flow through column and batch reactor demonstrated that iron oxyhydroxides could be 
used as terminal electron acceptor by Shewanella oneidensis MR-1 to produce Fe(II) that could be 
eventually exploited in the microbially-driven Fenton reaction to degrade organic contaminants. 
Our findings suggest either that growth rates in FTCs have to be optimized by altering nutrient 
(i.e., orthophosphate) concentrations or that Fe(III) oxyhydroxides are not as efficient as soluble 
Fe(III) substrates in promoting the microbially-driven Fenton reaction. The potential issues with 
medium and iron oxides were investigated in batch reactor incubations using redox oscillations to 
be able to promote the microbially-driven Fenton reaction with S. oneidensis. As organic ligands 
are known to affect the Fenton reaction, it is likely that stabilization of Fe(II) by ligands in solution 
as well as participation of the organic ligand in dark ROS production affects the generation of 
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hydroxyl radicals that are involved in organic contaminant degradation. The pandemic prevented 
to test these hypotheses more thoroughly. Future studies will compare incubations with and 
without citrate and other naturally occurring organic ligands (i.e. humics) to determine whether 
the presence of organic ligands may help improve the efficiency of the microbially-driven Fenton 
degradation of organic contaminants in flow-through column experiments. These findings will 
ultimately indicate whether the microbially-driven Fenton reaction occurs naturally in subsurface 
environments, potentially contributing to natural attenuation processes. In addition, the results 
from the flow-through column experiments conducted in this study demonstrate that the 
microbially-driven Fenton reaction is sustainable without high frequency redox oscillations, thus 
allowing us in future studies to transfer this technology to the pump-and-treat of contaminated 
subsurface waters. 

S. oneidensis are well-known for their ability to respire on an extensive range of terminal 
electron acceptors, which has applications for bioremediation of heavy metal/radionuclide 
contaminated soil and groundwater. While the responsible anaerobic respiratory networks have 
been elaborated in detail, comparatively little has been studied about how S. oneidensis respond to 
oxidative stress, which is especially relevant during the aerobic cycles of the microbially driven 
Fenton reaction. S. oneidensis single and double mutants lacking ROS scavenging genes all 
displayed impaired H2O2 scavenging abilities, yet retained wild-type Fe(III)-reduction rates. All 
mutants need to be tested in a microbially driven Fenton bioreactor with 1,4-dioxane. Furthermore, 
comparison of S. oneidensis H2O2 scavenging with other Shewanella species demonstrates S. 
oneidensis as the weakest H2O2 scavenger tested. Perhaps the ability of S. oneidensis to degrade 
contaminants is due to such poor scavenging; if excessive H2O2 remains in the environment during 
the contaminant-degrading phase of the microbially driven Fenton reaction, there may be more 
availability for the OH• to attack and degrade contaminants. The genomes of the Shewanella 
species tested have similar arsenals of ROS scavenging genes, yet dramatically different H2O2 
scavenging rates. Additional Fe(III)-reducing Shewanella species should be tested for contaminant 
degradation ability and rates. If more is understood about how S. oneidensis protect themselves 
from oxidative stress, it may be possible to enhance contaminant degradation rates. 
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FULL REPORT 
 
1. Microbially Driven Fenton Reaction for Degradation of the Widespread 
Environmental Contaminant 1,4-Dioxane. 
1A. Objective. The main objectives of the present study were to i) design a microbially-driven Fenton 
reaction that autocatalytically generated HO∙ radicals and degraded 1,4-dioxane at circumneutral pH 
without the need for continual addition of exogenous H2O2 or UV irradiation to regenerate Fe(II), ii) 
optimize the 1,4-dioxane degradation rates by varying the duration and frequency of the aerobic and 
anaerobic incubation periods, and iii) determine the pathway for 1,4-dioxane degradation by 
identifying the transient intermediates produced during the microbially-driven 1,4-dioxane 
degradation process. 
 
1B. Background. The carcinogenic cyclic ether compound 1,4-dioxane is detected in a variety of 
contaminated surface waters and groundwaters (1-5). 1,4-dioxane has been employed as a stabilizing 
agent for chlorinated solvents in the textile and paper industries (6,7) and as a byproduct of surfactant 
and polyethylene terephthalate plastic manufacturing processes (8-10). 1,4-dioxane is completely 
miscible in water, semi-volatile, and is thus highly mobile in water or aqueous environments. Current 
1,4-dioxane remediation technologies such as carbon absorption, air stripping, and distillation are 
limited by problems associated with 1,4-dioxane solubility, boiling point, and vapor pressure, 
respectively (11). Alternate methods such as photo-remediation by UV light, ozone destruction in the 
presence of hydrogen peroxide (H2O2), and ultrasonic destruction are not cost-effective remediation 
strategies (12, 13). 

Bioremediation is a promising alternative method for in situ remediation of 1,4-
dioxane-contaminated waters. 1,4-dioxane may be degraded microbially via metabolic or 
cometabolic reactions. Microbial degradation is carried out aerobically by mixed microbial 
communities in industrial sludge (14, 15) and 1,4-dioxane-degrading bacteria have been isolated 
(16-19) Only a limited number of studies have examined microbial degradation of 1,4-dioxane 
under anaerobic conditions, and the degradation rates under nitrate-, iron-, and sulfate-reducing 
conditions are exceedingly slow (20). Ex situ treatment of 1,4-dioxane-contaminated ground water 
involves pumping and treatment via advanced oxidation processes (AOPs) (21-24) In the Fenton 
reaction (Eqn. 1), H2O2 reacts with ferrous iron (Fe(II)) to produce ferric iron (Fe(III)), hydroxyl 
ion (OH-), and hydroxyl radical):  
Fe(II) + H2O2 → Fe(III) +-OH + HO∙    (1) 
 

Due to their high oxidation potential, Fenton reaction-generated HO∙ radicals oxidatively 
degrade a wide variety of hazardous organic compounds, including landfill leachates (25), 
chlorinated aliphatics and aromatics (26), dry-cleaning solvents (27), pharmaceuticals (28), 
pentachlorophenol (PCP) (29, 30), tetrachloroethene (PCE) (23), trichloroethene (TCE) (31) and 
1,1,2-trichloroethane (TCA) (32). Fenton reaction-driven AOPs have also recently attracted 
attention as an alternative means for degrading 1,4-dioxane (33-36). Fenton reaction-driven AOPs 
are expensive, however, since the Fenton reagents Fe(II) and H2O2 must be continuously supplied 
to drive the chemical degradation reaction. UV irradiation is often employed to induce Fe(III) 
reduction and photolytic radical production in photo-Fenton systems. The UV irradiation systems, 
however, are limited by UV light penetration (37), and H2O2 must still be continuously supplied 
to drive the Fenton degradation reaction. 
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 Microbially-driven Fenton reactions based on production of H2O2 via microbial O2 
respiration and Fe(II) via microbial Fe(III) reduction alleviate the need for continual addition of 
H2O2 and Fe(II) that drive the chemical Fenton reaction (36, 38, 39). The microbially-driven 
Fenton reaction designed in the present study was based on the original observation that the Fe(III)-
reducing facultative anaerobe Shewanella oneidensis liquefied the agar support directly beneath 
colonies grown aerobically on solid growth medium supplemented with Fe(III) (40). Under such 
conditions, high microbial O2 consumption rates directly beneath the colony effectively lower the 
O2 concentrations to levels that permit simultaneous microbial Fe(III) reduction (41), concomitant 
production of the Fenton substrates H2O2 and Fe(II), and agar liquefaction via the resulting HO∙ 
radicals (Fig. 1). The agar liquefaction phenotype was subsequently employed as the basis of a 
genetic screening technique for identification of Fe(III) reduction-deficient mutant strains and the 
corresponding genes required for microbial Fe(III) reduction (40, 42). 

 
Figure 1. Overall strategy for generation of HO∙ radicals by the S. oneidensis-driven Fenton reaction. Fe(II) 
produced during anaerobic phases interacts chemically via the Fenton reaction with H2O2 produced during 
aerobic phases to yield HO∙ radicals that oxidatively degrade 1,4-dioxane. 
 
1C. Materials and Methods. Design of a Microbially Driven Fenton Reaction for 1,4-Dioxane 
Degradation. The toxicity of 1,4-dioxane to S. oneidensis was tested by growing batch cell cultures in 
the presence of potential source zone levels (10 mM) of 1,4-dioxane in LS medium under aerobic 
conditions for 48 h. Culture samples were withdrawn periodically during the toxicity tests and the 
number of colony forming units (CFUs) were measured to monitor cell viability. The experimental 
conditions for the microbially-driven Fenton degradation of 1,4-dioxane (designated DD conditions 
in the remainder of the present study) consisted of S. oneidensis batch cultures amended with Fe(III) 
and 1,4-dioxane and exposed to different aerobic/anaerobic cycling periods. S. oneidensis was grown 
aerobically in LB on a rotary shaker (200 rpm, 30 °C) to early stationary phase (OD600 = 1.5), harvested 
by centrifugation at 6000 x g, washed and resuspended in LS medium to a final cell density of 1 x 109 
cells per ml. Anaerobic stock solutions of Fe(III) citrate and 1,4-dioxane were added to final 
concentrations of 10 mM each. The cell culture was allowed to reduce Fe(III) citrate for pre-selected 
time periods (45 min, 1.5 h, 3 h, and 6 h) under anaerobic conditions maintained by continuously 
sparging with hydrated high-purity nitrogen. Reactor temperature (25°C) and pH (7.0) were held 
constant in all experiments. Aerobic conditions were initiated by sparging the culture with hydrated 
compressed air for pre-selected time periods (45 min, 1.5 h, 3 h, and 6 h). Cell density was monitored 
by determining colony forming units on LB agar plates incubated at 30 °C for 72 h.  
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Chemical Analysis of 1,4-Dioxane, Lactate, and Transient Degradation Products. Samples 
were withdrawn and centrifuged at 6000 x g for 10 min. 1,4-dioxane and ethylene glycol diformate 
were analyzed via liquid chromatography (LC) using a ZORBAX SB-C18 column with 20% 
aqueous acetonitrile as the mobile phase and a constant flow rate of 1.0 ml/min (18). 
Chromatograms were generated at 190 nm for 1,4-dioxane at a retention time of 2.4 min and at 
210 nm for ethylene glycol diformate at a retention time of 3.1 min24. Lactate, acetate, formate, 
glyoxylate, glycolate and oxalate were analyzed via an ion chromatograph (Dionex, DX-300 
Series) equipped with a Dionex IonPac® ICE-AS6 chromatography column and AMMS® ICE 
300 suppressor. The Dionex DX-300 uses a CDM II detector with suppressed conductivity 
detection. Anion analysis was performed with 0.4 mM heptafluorobutyric acid as eluent and 5 mM 
tetrabutylammonium hydroxide as regenerant. Chromatograms were generated for lactate, acetate, 
oxalate, formate, glyoxylate, and glycolate at retention times of 10.0, 13.3, 4.3, 9.3, 6.5, and 9.0 
min, respectively. Calibration curves were generated from standards to determine the 
concentrations of each compound.  

Inhibition of the Microbially-Driven Fenton Reaction. A series of five control 
experiments were carried out to confirm that 1,4-dioxane was degraded by HO∙ radicals generated 
by the S. oneidensis-driven Fenton reaction. All five control experiments were carried out under 
DD conditions, with the following noted changes: In the first set of control experiments, 1,4-
dioxane degradation was monitored under identical alternating aerobic/anaerobic periods with 15 
mM NO3

- replacing Fe(III) as electron acceptor. In the second set of control experiments, the HO∙ 
radical scavenging compounds mannitol (120 mM) and thiourea (40 mM) were added to reactors 
carrying out an otherwise identical 1,4-dioxane degradation process (30). The toxicity of mannitol 
(120 mM) and thiourea (40 mM) to S. oneidensis was tested by growing batch cell cultures in the 
presence of the HO∙ radical scavenging compounds in LS medium under aerobic conditions for 48 
h. In the third set of control experiments, 1,4-dioxane degradation was monitored under DD 
conditions with either Fe(III) citrate, 1,4-dioxane, or cells (abiotic control) omitted. In the fourth 
set of control experiments, 1,4-dioxane concentration was monitored in abiotic sealed anaerobic 
bottles to examine the effects of hydrated compressed air and nitrogen gas flow on volatilization 
of 1,4-dioxane during the aerobic and anaerobic phases, respectively. In the fifth set of control 
experiments, 1,4-dioxane concentrations were monitored under strictly aerobic conditions for 74 
h. Analytical methods are fully described in (59). 
 
1D. Results and Discussion. In the present study, a microbially-driven Fenton reaction was designed 
to degrade the widespread environmental contaminant 1,4-dioxane. The microbially-driven Fenton 
reaction autocatalytically generated HO∙  radicals that degraded 1,4-dioxane at circumneutral pH 
without the need for continual addition of exogenous H2O2 or UV irradiation to regenerate Fe(II) as 
Fenton reagents. The 1,4-dioxane degradation process was driven by pure cultures of the Fe(III)-
reducing facultative anaerobe S. oneidensis provided with lactate as carbon and energy source, Fe(III) 
as electron acceptor, and exposed to alternating aerobic and anaerobic conditions (Fig. 3).  

H2O2 produced during the aerobic period was most likely the byproduct of microbial 
aerobic respiration since H2O2 was not detected during abiotic O2-catalyzed Fe(II) oxidation 
experiments. Alternate aerobic/anaerobic cycling periods of 3 h and 6 h resulted in the maximum 
rate and extent of H2O2 production, both of which were nearly identical to the rate and extent of 
H2O2 production under strictly aerobic conditions. H2O2 production with 45 min and 1.5 h cycling 
periods resulted in lower rates and extents of H2O2 production (Fig. 2).  
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Figure 2. H2O2 production by S. oneidensis held under strictly aerobic conditions or with aerobic/ anaerobic 
cycling periods of 45 min, 1.5 h, 3 h and 6 h: red , 6 h cycling; blue , 3 h cycling; black ▲, 1.5 h 
cycling; green , strict aerobic; orange ×, 45 min cycling.  
 

 During the transition from anaerobic-to-aerobic conditions, S. oneidensis batch 
cultures displayed lag times in H2O2 production. H2O2 production rates were maximal during the 
3 h and 6 h aerobic/anaerobic cycling periods, but 3-to-10-fold lower during the 45 min and 1.5 h 
cycling periods (Fig. 2). In addition, the 3 h aerobic/anaerobic cycling period was sufficient to 
achieve the maximum rate and extent of H2O2 production, which was reflected in the results of the 
1,4-dioxane degradation experiments described below. 

H2O2 production by S. oneidensis. In iron-free LS medium, S. oneidensis batch cultures 
produced approximately 24.5 µM H2O2 (presumably as a by-product of microbial aerobic 
respiration) under either strictly aerobic conditions for 74 h or with alternating aerobic/anaerobic 
periods of 3 h and 6 h (Fig. 2). Under aerobic/anaerobic cycling periods of 45 min and 1.5 h, S. 
oneidensis produced 2.3 µM and 6.7 µM H2O2, respectively (Fig. 2). During the first aerobic phase, 
H2O2 production rates under strictly aerobic conditions or with alternating aerobic/anaerobic 
periods of 3 h and 6 h were similar (4.6-5.6 µM). However, H2O2 production rates with alternating 
aerobic/anaerobic cycling periods of 45 min and 1.5 h were 4-fold lower (1.2 µM) compared to 
the strictly aerobic and 3 h and 6 h aerobic/anaerobic cycling conditions (Fig. 2). During the second 
aerobic phase, H2O2 production rates with the 3 h and 6 h aerobic/anaerobic cycling periods 
decreased 5-fold and were similar to H2O2 production rates with aerobic/anaerobic cycling periods 
of 45 min and 1.5 h (0.8-1.3 µM) (Fig. 2). During the third aerobic phase, H2O2 production rates 
with aerobic/anaerobic cycling periods of 45 min, 1.5 h, 3 h, and 6 h were similar (0.4-0.9 µM) 
(Fig. 2). H2O2 was not detected during abiotic Fe(II) oxidation experiments carried out under 
strictly aerobic conditions for 74 h (data not shown).  

1,4-Dioxane Degradation by the Microbially-Driven Fenton Reaction. To initiate HO∙ 
radical production by the S. oneidensis-driven Fenton reaction, Fe(III)-containing S. oneidensis 
cultures were exposed to alternating aerobic/anaerobic periods of 45 min, 1.5 h, 3 h, and 6 h (Fig. 
3 and Supplementary Figs. S3, S4, and S5 in (59)). During the initial 3 h anaerobic and ensuing 3 
h aerobic periods, 1,4-dioxane concentrations decreased 2.4 mM in the incubation under DD 
conditions (Fig. 3b). However, 1,4-dioxane concentrations also decreased 1.5 mM in control DD 
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incubations lacking Fe(III) or S. oneidensis cells (Fig. 3b). The decrease in 1,4-dioxane 
concentrations in the control incubations was attributed to 1,4-dioxane volatilization during 
hydrated compressed air and nitrogen inputs. To address this possibility, a series of additional 
control experiments were carried out in which 1,4-dioxane concentrations were monitored under 
DD conditions with S. oneidensis cells omitted and subjected to a series of five 3 h 
anaerobic/aerobic cycling periods for 74 h (Fig. 3b). 1,4-dioxane concentrations decreased 46% 
(from 12.0 to 6.5 mM) during the first 9 h of the 74 h incubations. On the other hand, in control 
incubations held under strict anaerobic conditions for 74 h without hydrated compressed air or 
nitrogen inputs, 1,4-dioxane concentrations remained constant at 10.0 mM (Fig. 3b). These results 
indicate that during the first 9 h of the 74 h control incubations (consisting of alternating 3 h 
aerobic/anaerobic cycling periods) 1,4-dioxane concentrations decreased approximately 46% (to 
5.5 mM) due to 1,4-dioxane volatilization. In a similar manner, 1,4-dioxane volatilization in 
control reactions with alternating compressed air and nitrogen inputs during the 45 min, 1.5 h and 
6 h aerobic/anaerobic cycling experiments resulted in decreases of approximately 35%, 37% and 
50% of the initial 1,4-dioxane concentrations, respectively (Supplementary Figs. S4-b, S3-b and 
S5-b respectively in (59)). 

 
Figure 3. Fe(II) and 1,4-dioxane concentrations during microbially-driven Fenton degradation of 1,4-
dioxane (10 mM initial concentration) with an aerobic/anaerobic cycling period of 3 h:  (a) Fe(II); (b) 1,4-
dioxane; red , cells + 1,4-dioxane + Fe(III); blue , S. oneidensis cells omitted; black ▲, 1,4-dioxane 
omitted; green ×,Fe(III) omitted; dashed red , No Gas control.  Grey shaded areas correspond to 
anaerobic phases and unshaded areas correspond to aerobic phases. Incubations were carried out in two 
parallel yet identical cultures and error bars indicate range of error between incubations. 
 

During the first 3 h anaerobic period under DD conditions, S. oneidensis reduced 10.0 mM 
Fe(III) to 1.1 mM Fe(II) (grey shaded area in Figs. 2a-b, 3a-c, 4a-b, 5a-c and Supplementary Figs. 
S2, S3a-f, S4a-f, S5a-f in (59)). At the 3-h mark, compressed nitrogen gas input was switched to 
compressed air, Fe(II) was oxidized for a 3 h incubation period (unshaded area in Figs. 2a-b, 3a-
c, 4a-b, 5a-c and Supplementary Figs. S2, S3a-f, S4a-f, S5a-f in (59)), and Fe(II) levels dropped 
to below detection limits at the 6-h time point. During the ensuing 3 h anaerobic period, Fe(II) 
rebounded from below detection limits to 5.5 mM (microbial Fe(III) reduction rate of 0.3 mM/h). 
At the 9-h time point, 1,4-dioxane volatilization stopped (even though compressed nitrogen inputs 
were continued to ensure anaerobic conditions for the ensuing 18 h) and 1,4-dioxane 
concentrations remained constant at 7.0 mM (i.e., corresponding to the observed volatilization 
losses of 6.5 mM 1,4-dioxane during the initial 9 h period). After the ensuing 3 h aerobic period 
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(24-h time point), Fe(II) levels decreased from 5.5 to 2.6 mM (O2-catalyzed Fe(II) oxidation rate 
of 1.0 mM/h). After the next 3 h anaerobic period (27-h time point), the Fe(II) concentrations again 
rebounded to 5.5 mM (microbial Fe(III) reduction rate of 1.1 mM/h). During the 9 h time period 
between the 24-h and 33-h time points, 1,4-dioxane concentrations decreased rapidly to 1 mM (0.6 
mM/hr). However, in control incubations carried out under DD conditions but lacking S. 
oneidensis cells or Fe(III), 1,4-dioxane concentrations remained constant at 7.0 mM and remained 
at that concentration throughout the remainder of the 74 h incubation. At the 49-h time point, the 
incubations under DD conditions were subjected to two additional alternating 3 h 
anaerobic/aerobic cycling periods that resulted in production of 6.3 mM Fe(II) (71-h time point; 
microbial Fe(III) reduction rate of 0.2 mM/h) followed by a decrease in Fe(II) concentrations to 
2.2 mM (74-h time point; O2-catalyzed Fe(II) oxidation rate of 1.4 mM/h) (Fig 2a). 1-4 dioxane 
concentrations decreased to below detection limits at the 53-h time point and remained below 
detection limits (0.2 mM; Supplementary Table S3) throughout the remainder of the 74 h 
incubation.  

Since 1,4-dioxane is a semi-volatile compound, approximately 46% of the decrease in 1,4-
dioxane concentrations was attributed to volatilization during hydrated compressed gas inputs, 
while the remaining 54% decrease in 1,4-dioxane concentrations to below detection limits (0.2 
mM; Supplementary Table S3) was due to degradation by HO∙  radicals produced by the 
microbially-driven Fenton reaction (47). Approximately 46% of the initial 1,4-dioxane 
concentration was removed by volatilization during the hydrated gas inputs due to continual 
diffusion of 1,4-dioxane to the vapor phase until vapor-liquid equilibrium was attained at 9 h. 1,4-
dioxane was not further volatilized since the compressed gases were saturated with water prior to 
injection (Fig. 3b and Supplementary Fig. S7 in (59)). 

Similar patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and chemical 
(O2-catalyzed) Fe(II) oxidation were observed in analogous experiments carried out with 45 min, 
1.5 h, 3h, and 6 h aerobic/anaerobic cycling periods (Supplementary Figs. S4-A, S3-A and S5-A 
respectively in (59)). Compared to the 3 h aerobic/anaerobic cycling experiments, 1,4-dioxane 
degradation rates were 34% slower during the 1.5 h aerobic/anaerobic cycling experiment 
(Supplementary Fig. S3-b in (59)). 1,4-Dioxane was not degraded (i.e., depletion was only due to 
volatilization) during the 45 min aerobic/anaerobic cycling experiment (Supplementary Fig. S4-b 
in (59)). However, 1,4-dioxane degradation rates with 3 h and 6 h aerobic/anaerobic cycling 
periods were nearly identical (Fig. 3b and Supplementary Fig. S5-b (59)).  

Cell viability analyses indicated that S. oneidensis cell densities decreased 
approximately 70% during the 3 h anaerobic periods, yet rebounded to initial cell densities (109 
cells/ml) during subsequent 3 h aerobic periods (Supplementary Figs. S2, S3-f and S4-f (59)). To 
test for 1,4-dioxane toxicity, S. oneidensis was grown aerobically in LS growth medium 
supplemented with 10 mM 1,4-dioxane. Aerobic growth rates in the presence or absence of 1,4-
dioxane were nearly identical, an indication that 10 mM 1,4-dioxane was not toxic to S. oneidensis 
(Supplementary Fig. S1 in (59)). Although cell densities decreased approximately 70% during the 
3 h anaerobic incubation periods, lactate was consumed at similar rates (0.21 mM/h) during the 3 
h aerobic and anaerobic cycling periods. Lactate was not depleted in abiotic control incubations 
carried out with otherwise identical aerobic and anaerobic cycling periods (Fig. 4a).  

Inhibition of the Microbially-Driven 1,4-Dioxane Degradation Process. To determine 
if HO∙ radical scavenging compounds inhibited the microbially-driven Fenton reaction, a series of 
control incubations were carried out under DD conditions in the presence of the HO∙  radical 
scavenging compounds mannitol (120 mM) or thiourea (40 mM) (Fig. 5b). 1,4-dioxane 
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concentrations in all incubations decreased to 6.0 mM during the initial 9 h aerobic and anaerobic 
cycling periods (due to 1,4-dioxane volatility; as described above). 1,4-dioxane was degraded to 
below detection limits (0.2 mM; Supplementary Table S3) after 53 h of alternating 3 h 
aerobic/anaerobic cycling periods in the absence of mannitol or thiourea (Fig. 5b), while 1,4-
dioxane remained constant at 6.0 mM in the presence of mannitol or thiourea. To test for toxicity 
effects of mannitol and thiourea, S. oneidensis was grown aerobically in LS growth medium 
supplemented with mannitol (120 mM) or thiourea (40 mM). Aerobic growth rates in the presence 
or absence of mannitol or thiourea were nearly identical, an indication that these compounds were 
not toxic to S. oneidensis (Supplementary Fig. S6 in (59)). The inability of the microbially-driven 
Fenton reaction to degrade 1,4-dioxane in the presence of HO∙ radical scavenging compounds 
mannitol or thiourea or in the absence of either S. oneidensis cells or Fe(III) implicated HO∙ 
radicals as the main driver of the 1,4-dioxane degradation process. 

The requirement for microbial Fe(III) reduction was tested by replacing Fe(III) with 
NO3

- and carrying out an otherwise identical set of DD experiments with NO3
--containing S. 

oneidensis cultures subjected to alternating 3 h aerobic/anaerobic cycling periods. 1,4-dioxane was 
not degraded with NO3

- as electron acceptor (Fig. 5b), nor was 1,4-dioxane degraded in the absence 
of Fe(III) or S. oneidensis cells (Fig. 3b). These results indicate that microbial Fe(III) reduction 
was required to drive the 1,4-dioxane degradation process. In all control incubations, lactate was 
consumed at similar rates (0.21 mM/h) under either strictly aerobic or anaerobic Fe(III)-reducing 
conditions. Lactate concentrations remained constant in 74 h abiotic control incubations held under 
strictly aerobic or anaerobic conditions (Fig. 6a). Apart from the 45% loss due to volatilization, 
1,4-dioxane was not degraded under strictly aerobic conditions, which is identical to previously 
reported findings (Supplementary Fig. S7 in (59)) (30). The absence of 1,4-dioxane degradation 
under strictly aerobic or strictly anaerobic Fe(III)-reducing conditions indicates that 1,4-dioxane 
degradation was not due to aerobic or anaerobic enzymatic 1,4-dioxane degradation reactions 
catalyzed by S. oneidensis (2, 19).  

Identification of Transient 1,4-Dioxane Degradation Products During the Microbially-
Driven Fenton Reaction. The major transient 1,4-dioxane degradation products detected during 
conventional (purely abiotic) Fenton reactions include formate, glycolate, glyoxylate, ethylene 
glycol diformate, acetate, and oxalate, which are produced by HO∙ radical attack of 1,4-dioxane 
with the α-oxy radical as key intermediate (36) With LC/UV-DA and IC detection methods, only 
acetate and oxalate were detected as transient 1,4-dioxane degradation products during the 
microbially-driven Fenton reaction. In the first 3 h anaerobic period, 0.7 mM acetate (at a rate of 
0.24 mM/h) was produced under DD conditions, while acetate concentrations remained below 
detection limits (40.38 µM) in DD control incubations lacking S. oneidensis cells or Fe(III) or in 
the presence of HO∙ scavenging compounds (Fig. 5b).  
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Figure 4. Lactate, acetate, and oxalate concentrations during microbially-driven Fenton degradation of 1,4-
dioxane (10 mM) with an aerobic/anaerobic cycling period of 3 h: (a) lactate; (b) acetate; (c) oxalate; red 
, cells + 1,4-dioxane + Fe(III); blue , S. oneidensis cells omitted; black ▲, 1,4-dioxane omitted; green 
×,Fe(III) omitted.  Grey shaded areas correspond to anaerobic phases and unshaded areas correspond to 
aerobic phases. 
 

During the ensuing 3 h aerobic period of all biotic incubations, acetate concentrations 
increased at similar rates (0.08 mM/h) (Fig. 4b), presumably due to the microbially catalyzed 
aerobic oxidation of lactate. Acetate concentrations remained constant during the next 18 h 
anaerobic period. Upon introduction of compressed air at the 24-h time point under DD conditions, 
acetate concentrations increased rapidly at the rate of 0.81 mM/h (Fig. 4b). During this same time 
period, 1,4-dioxane concentrations decreased sharply (0.33 mM/h) as compared to decreases in 
1,4-dioxane concentrations (0.07 mM/h) in DD control incubations lacking S. oneidensis cells or 
Fe(III) (Fig. 3b). 

 During the next set of aerobic/anaerobic cycling periods, acetate concentrations 
decreased sharply from 3.6 mM to 2.1 mM at the 33-h time point (0.25 mM/h). At the 49-h time 
point, acetate production rates (1.13 mM/h) under DD conditions increased approximately 45% 
compared to DD control incubations (0.80 mM/h) lacking S. oneidensis cells or Fe(III). Higher 
acetate production rates are most likely due to 1,4-dioxane (and not lactate) degradation since 
lactate had been completely depleted by the 46-h time point (Figs. 3b and 6b). Since lactate was 
also completely depleted in all reactions containing S. oneidensis cells, microbial oxidation of 
lactate to acetate most likely contributed to acetate production (Figs. 3a and 5a). Acetate 
concentrations in the incubations containing the HO∙ radical scavenging compounds mannitol or 
thiourea, however, remained constant at 1-2 mM throughout the 74 h incubation period (Fig. 7b). 
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In addition, the total acetate produced under DD conditions with 3 h aerobic/anaerobic cycling 
periods was 7.7 mM (approximately 2-fold greater than that detected in the control incubations 
(2.5-4.9 mM) (Table 1). The 2-to-3-fold greater amount of acetate produced in the presence of 1,4-
dioxane was reflected in the 2-to-4-fold greater amount of 1,4-dioxane degraded in the 
microbially-driven Fenton reaction compared to DD control incubations lacking S. oneidensis cells 
or Fe(III) or in the presence of mannitol or thiourea (Table 1). Similar results were obtained in DD 
incubations with aerobic/anaerobic cycling frequencies of 1.5 h, 45 min, and 6 h (Supplementary 
Table S1).  

 
Figure 5. Fe(II) and 1,4-dioxane concentrations during the microbially-driven Fenton degradation of 1,4-
dioxane (10 mM) with an aerobic/anaerobic cycling period of 3 h in the presence of inhibitors:  (a) Fe(II); 
(b) 1,4-dioxane; red , S. oneidensis cells + 1,4-dioxane + Fe(III); orange +, mannitol; brown , thiourea; 
green ×, nitrate.  Grey shaded areas correspond to anaerobic phases and unshaded areas correspond to 
aerobic phases. Incubations were carried out in two parallel yet identical cultures and error bars indicate 
range of error between incubations. 

 3 h cycling 

 
Degraded (mM) Produced (mM) 
1,4-Dioxane Lactate Acetate Oxalate 

Cells + 1,4-dioxane+Fe(III) 10.8 ± 0.6 11.1 ± 0.6 7.7 ± 0.8 0.04 ± 0.002 

Cells omitted 6.3 ± 0.4 1 ± 0.3 0 0 

1,4-Dioxane omitted 0 11.4 ± 0.4 4.8 ± 0.4 0.01 ± 0.002 

Fe(III) omitted 6 ± 0.2 10.5 ± 0.1 3.9 ± 0.4 0.03 ± 0.004 

Mannitol 2.8 ± 0.5 9.3 ± 0.3 2.8 ± 0.3 0.01 ± 0.009 

Thiourea 3 ± 0.01 9.5 ± 0.03 4.7 ± 0.6 0.01 ± 0.004 

Nitrate 2.8 ± 2.4 9.5 ±0.1 2.5 ± 0.3 0.01 ± 0.006 

Table 1. Substrate degradation and transient intermediate production during the microbially-driven Fenton 
degradation of 1,4-dioxane. Incubations were carried in two parallel yet identical cultures and error bars 
indicate range of error between incubations. 
 

Approximately 4 μM oxalate was produced during the initial set of 3 h 
aerobic/anaerobic cycling periods under DD conditions, while oxalate was not detected in DD 
control incubations lacking S. oneidensis cells or Fe(III) (Figs. 3c and 6c). At the 24-h time point, 
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oxalate concentrations under DD conditions steadily increased to 13.0 μM at a rate of 2.2 μM/h. 
At the 33-h time point, strictly anaerobic conditions were held for the ensuing 18 h and oxalate 
concentrations increased to 17.7 μM at a rate of 0.9 μM/h (2-fold greater than control incubations 
lacking S. oneidensis cells or Fe(III)). At the 46-h time point, oxalate concentrations increased 
further to 24.5 μM during the 3 h aerobic incubation period (Figs. 3c and 5c). Approximately 0.04 
mM oxalate was produced under DD conditions (2-to-4-fold greater than control incubations 
lacking S. oneidensis cells or Fe(III), Table 1). Results similar to those of the 3 h aerobic/anaerobic 
cycling period experiments were obtained with aerobic/anaerobic cycling periods of 45 min, 1.5 
h, and 6 h (Supplementary Figs. S3e, S4e, S5e and Supplementary Table S1 in (59)).  

 

 
Figure 6. Lactate, acetate, and oxalate concentrations detected during the microbially-driven Fenton 
degradation of 1,4-dioxane (10 mM initial concentrations) with an aerobic/anaerobic cycling period of 3 h 
in control incubations: (a) lactate; (b) acetate; (c) oxalate; red , S. oneidensis cells + 1,4-dioxane + Fe(III); 
orange +, mannitol; brown , thiourea; green ×, nitrate. Grey shaded areas correspond to anaerobic phases 
and unshaded areas correspond to aerobic phases. Incubations were carried out in two parallel yet identical 
cultures and error bars indicate range of error betABtween incubations. 
 

A carbon mass balance was also carried out to account for total carbon input and output 
during the microbially-driven Fenton reaction. Total carbon input under DD conditions (except in 
controls where 1,4-dioxane was omitted) was 70 mmol. Total carbon output (acetate plus oxalate) 
under DD conditions was 15.4 mmol and the corresponding carbon input from 1,4-dioxane 
degradation was 43.2 mmol. The 2-to-4-fold greater amounts of 1,4-dioxane degraded under DD 
conditions were reflected in a 2-to-3-fold greater total carbon output (acetate plus oxalate) 
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compared to the DD control incubations carried out in the absence of 1,4-dioxane or in the presence 
of 1,4-dioxane and the HO∙ scavenging compounds mannitol or thiourea (Table 2). Similar 
observations were made under DD conditions with aerobic/anaerobic cycling frequencies of 1.5 h, 
45 min and 6 h (Supplementary Table S2). Total carbon input (lactate plus 1,4-dioxane) did not 
completely account for total carbon output (acetate plus oxalate), most likely due to further 
reaction of acetate and oxalate with HO∙  radicals and the resulting unaccounted carbon loss, 
potentially as CO2 (Table 2).  

 3 h cycling 

 Input Carbon (mmol) Output Carbon (mmol) 

 Lactate + 
1,4-Dioxane 

1,4-Dioxane 
degraded Acetate Oxalate 

Cells+1,4-dioxane+Fe(III) 70 43.2 ± 2.5 15.4 ± 1.6 0.08 ± 0.004 

Cells omitted 70 25.2 ± 1.6 0 0 

1,4-Dioxane omitted 30 0 9.6 ± 0.8 0.02 ± 0.004 

Fe(III) omitted 70 24 ± 0.7 7.8 ± 0.8 0.06 ± 0.008 

Mannitol 70 11 ± 2 5.6 ± 0.6 0.02 ± 0.018 

Thiourea 70 12 ± 0.04 9.4 ± 1.2 0.02 ± 0.008 

Nitrate 70 11.2 ± 9.6 5 ± 0.6 0.02 ± 0.012 

Table 2. Total input and output carbon detected during the microbially-driven Fenton degradation of 1,4-
dioxane. Incubations were carried in two parallel yet identical cultures and error bars indicate range of error 
between incubations. Carbon mmols per liter of reaction volume 

 
The inability of the microbially-driven Fenton reaction to degrade 1,4-dioxane in the 

presence of HO∙ radical scavenging compounds mannitol or thiourea or in the absence of either S. 
oneidensis cells or Fe(III) implicated HO∙ radicals as the main driver of the 1,4-dioxane 
degradation process. The absence of 1,4-dioxane degradation under strictly aerobic or strictly 
anaerobic Fe(III)-reducing conditions indicates that 1,4-dioxane degradation was not due to 
aerobic or anaerobic enzymatic 1,4-dioxane degradation reactions catalyzed by S. oneidensis.2, 19 
Alternately, the microbially-driven Fenton reaction described in the present study may be initiated 
by H2O2-catalyzed Fe(III) reduction reactions (48, 49). In this scenario, H2O2 produced by S. 
oneidensis during the preceding aerobic cycling period catalyzes chemical (purely abiotic) Fe(III) 
reduction reactions. The H2O2-catalyzed Fe(III) reduction reactions, however, are Fe(III) 
speciation-dependent, and some soluble organic-Fe(III) complexes such as Fe(III)-oxalate are not 
reduced by H2O2 (50). Since S. oneidensis produces an yet unidentified Fe(III)-chelating organic 
ligand that enhances Fe(III) bioavailability (51-53), the results of the present study do not preclude 
the possibility that soluble organic-Fe(III) complexes produced by S. oneidensis are reduced by 
H2O2 produced during the preceding aerobic cycling period. However, the absence of 1,4-dioxane 
degradation in Fe(III)-amended DD control incubations held under strictly aerobic conditions for 
74 h indicates that HO∙ radical production is most likely not initiated by H2O2-catalyzed Fe(III) 
reduction reactions, but requires S. oneidensis-catalyzed Fe(III) reduction reactions during the 
anaerobic cycling periods (48, 49).  

Although the LC and IC methods used in the present study may have missed detection of 
other 1,4-dioxane degradation products (e.g., aldehydes) analyzed by other methods (36), acetate 
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and oxalate were detected as 1,4-dioxane degradation products of the microbially driven Fenton 
reaction. In conventional (purely abiotic) Fenton reactions, acetate and oxalate are produced by 
HO∙  radical attack of 1,4-dioxane with α-oxy radicals as the key intermediate for subsequent 
degradation reactions (36). The α-oxy radicals follow two separate degradation pathways that 
depend on O2 concentrations in the chemical Fenton reaction system. In O2-limited systems, the α-
oxy radicals are degraded to acetate, formate, formaldehyde, and oxalate, while in O2-replete 
systems, the α-oxy radicals are degraded to ethylene glycol diformate (24, 36). In the present study, 
1,4-dioxane degradation by the microbially driven Fenton reaction resulted in production of acetate 
and oxalate as the main 1,4-dioxane degradation products, while ethylene glycol diformate was 
not detected. In addition, formate, glycolate, and glyoxylate were not detected during the 
microbially-driven 1,4-dioxane degradation process, most likely due to the high reactivity of these 
intermediates with HO∙ radical36. Since only 40 μM oxalate was produced during degradation of 
10 mM 1,4-dioxane, the majority of 1,4-dioxane may have been mineralized to CO2 or stalled at 
another upstream intermediate such as hydroxyethoxyacetic acid (HEAA) (36, 54). 
 
1E. Conclusions and Implications for Future Research/ Implementation. In previous 
applications of conventional (purely abiotic) Fenton reactions, 1,4-dioxane was degraded at rates 
approximately 20-fold greater than the microbially-driven Fenton reaction designed in the present 
study (rate constant of 0.0036 min-1 for 3 h aerobic/anaerobic cycling period at pH 7.0). Such 
differences may be due to the high concentrations (15 mM) of exogenous H2O2 employed to drive 
the chemical Fenton reaction systems (24, 36). However, after normalization on a per mg protein 
basis, the reaction rates observed in the present study are 4-to-5-fold greater than the enzymatic 
rates of 1,4-dioxane degradation by Pseudonocardia species (2). In the present study, S. oneidensis 
produced micromolar levels of H2O2, presumably as a by-product of microbial aerobic respiration 
during the aerobic cycling periods. Addition of exogenous H2O2 was therefore not required to drive 
the microbially-driven Fenton reaction. The chemical Fenton reaction also requires re-reduction 
of Fe(III) produced during H2O2-catalyzed Fe(II) oxidation reactions. Fe(III) re-reduction 
processes such as those catalyzed by UV irradiation are possible during ex situ 1,4-dioxane 
degradation processes (39), yet UV light penetration represents a formidable obstacle for in situ 
1,4-dioxane remediation technologies.  

In the microbially-driven Fenton reaction designed in the present study, S. oneidensis 
respiratory processes catalyze both H2O2 production and Fe(III) re-reduction. Since microbial 
Fe(III) reduction has been detected in a variety of aquatic environments, including contaminated 
subsurface aquifers (55), the microbially-driven Fenton reaction may be induced by exposing 
Fe(III)-reducing facultative anaerobes in Fe(III)-containing contaminated environments to 
alternating aerobic and anaerobic conditions. Alternately, the microbially-driven Fenton reaction 
may be stimulated by injecting soluble Fe(III), nanoparticulate zero-valent iron (nZVI) (56) or 
electrolytic systems (57) in the flow path of 1,4-dioxane-contaminated subsurface aquifers and 
exposing endogenous (or injected) Fe(III)-reducing bacteria to alternating aerobic and anaerobic 
conditions. Microbially-driven Fenton reaction may also be initiated through bioaugmentation at 
plume fringes where heterogeneous aerobic/anaerobic redox zonation may occur (58). The 
microbially-driven Fenton reaction thus provides a foundation for development of alternative in 
situ remediation technologies that degrade 1,4-dioxane or other environmental contaminants 
susceptible to attack by HO∙ radicals generated by the Fenton reaction.  
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2. Simultaneous Degradation of Comingled Contaminants Trichloroethylene, 
Tetrachloroethylene, and 1,4-Dioxane by a Microbially Driven Fenton 
Reaction. 
 
2A. Objective. The main objectives of the present study were to (i) design a new fed batch, 
microbially-driven Fenton reaction system that minimizes contaminant loss due to volatility by 
separating the Fe(II)-generating, H2O2-generating, and contaminant degradation phases and ii) 
apply the new microbially-driven Fenton reaction system to simultaneously degrade single, binary, 
and ternary mixtures of TCE, PCE, and 1,4-dioxane. 
 
2B. Background. The chlorinated organic solvents trichloroethylene (TCE) and 
tetrachloroethylene (PCE) have been historically employed as solvents in a variety of industrial 
processes including vapor degreasing of metal surfaces, paint stripping, and dry cleaning (1, 2). 
TCE and PCE are carcinogenic and improper disposal practices at industrial sites have resulted in 
widespread contamination of soil and ground water (1-6). Due to their high density and low 
aqueous phase solubility, TCE and PCE are also highly persistent in contaminated environments 
(3, 4). The potential carcinogen 1,4-dioxane is generally employed as a stabilizer for TCE and PCE 
in industrial processes (7-11), and thus TCE- and PCE-contaminated ground water is often 
comingled with 1,4-dioxane (9, 12-20). 

Current TCE and PCE remediation technologies are based on photolysis, sonolysis, and 
reductive transformations by iron-bearing minerals or dechlorinating microorganisms (6, 21-26). 
Photolysis and sonolysis, however, are limited by UV light penetration and low energy transfer 
efficiency, respectively (27), while microbially-catalyzed reductive dehalogenation reactions are 
limited by microbial nutrient requirements, contaminant bioavailability, and incomplete 
dechlorination leading to the production of toxic intermediates (28). Chemical oxidation is also an 
attractive remediation technology for degradation of TCE, PCE, and 1,4-dioxane (2, 5, 12, 33). 
Currently deployed chemical oxidants include ozone, titanium oxide, persulfate, permanganate, 
peroxide, zero valent iron, and hydroxyl (HO∙) radicals (2, 5). HO∙ radicals represent a powerful 
oxidant with oxidation potentials (+2.76 V) higher than ozone (+2.07 V), persulfate (+2.01 V), 
and permanganate (+1.68 V).(33) HO∙ radicals may be produced by the conventional Fenton 
reaction (eq 1). Conventional Fenton reaction-driven degradation of TCE, PCE, and 1,4-dioxane 
is limited, however, by the high concentrations of the Fenton reagents Fe(II) and H2O2 that must 
be continuously supplied to produce HO∙  radicals and drive TCE, PCE, and 1,4-dioxane 
degradation (1, 24).  

Microbially-driven Fenton reactions that alternately produce the Fenton reagents H2O2 (via 
microbial O2 respiration) and Fe(II) (via microbial Fe(III) reduction) alleviate the need for 
continual addition of H2O2 and Fe(II) to drive HO∙ radical production (12, 17, 29, 41). The Fe(III)-
reducing facultative anaerobe Shewanella oneidensis was recently employed to drive the Fenton 
reaction for oxidative degradation of PCP and 1,4-dioxane (29, 36). In the S. oneidensis-driven 
Fenton reaction, batch liquid cultures were amended with Fe(III) and 1,4-dioxane and 
subsequently exposed to alternating anaerobic and aerobic conditions. During the anaerobic period 
S. oneidensis produced Fe(II) via microbial Fe(III) reduction, while during the aerobic period, S. 
oneidensis produced H2O2 via microbial O2 respiration. During the transition from anaerobic-to-
aerobic conditions, Fe(II) and H2O2 interacted chemically via the Fenton reaction to produce HO∙ 
radicals that completely degraded 1,4-dioxane at source zone concentrations (29). Although TCE 
and PCE are often comingled with 1,4-dioxane in contaminated ground water, only a limited 
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number of studies have examined simultaneous degradation of multiple contaminants, with 
emphasis on binary mixtures of TCE and 1,4-dioxane or TCE and PCE (26, 42-44).  

 
2C. Materials and Methods. Design of Fed Batch Reactor System for Simultaneous Degradation 
of TCE, PCE, and 1,4-Dioxane by the Microbially-Driven Fenton Reaction. The toxicity of single, 
binary, and ternary mixtures of TCE, PCE, and 1,4-dioxane was tested in LS medium by 
comparing aerobic growth of S. oneidensis batch cultures in the presence and absence of the 
contaminant mixtures. To avoid inadvertent loss of contaminants due to volatility during injection 
of compressed nitrogen or compressed air (Henry’s law constant for TCE: 0.11 mol kg-1 bar-1, 
PCE: 0.05 mol kg-1 bar-1, 1,4-dioxane: 220 mol kg-1 bar-1) (29, 48-51), the batch reactor system 
previously employed for 1,4-dioxane degradation (29) was modified and the Fe(II)-generating, 
H2O2-generating, and contaminant degradation phases were separated (Fig. S14 in (59)). In the 
Fe(II)-generating phase, contaminant-free S. oneidensis liquid cultures (109 cells mL-1 in LS 
medium amended with 10 mM Fe(III)) were incubated in 60-mL glass serum bottles under 
anaerobic conditions by injecting (hydrated) compressed nitrogen until the entire 10 mM pool of 
Fe(III) was reduced to approximately 10 mM Fe(II) (approximately 24 h of anaerobic incubation; 
Fe(II)-generating phase). The compressed nitrogen line was then replaced by a (hydrated) 
compressed air line and the 10 mM Fe(II)-containing S. oneidensis liquid culture was incubated 
under aerobic conditions until the 10 mM pool of Fe(II) was oxidized to approximately 4 mM level 
(approximately 24 h of aerobic incubation; H2O2-generating phase). The 4 mM residual Fe(II) was 
carried into the contaminant degradation phase to interact with the pool of microbially-produced 
H2O2 and generate HO∙ radicals (similar to HO∙ radical production by the previously reported 1,4-
dioxane-degrading batch reactor system) (29).  

The contaminant degradation phase was initiated by adding single, binary, and ternary 
mixtures of TCE, PCE, and 1,4-dioxane with a sterile syringe. The contaminant degradation phase 
was carried out for approximately 5 days (without gas injection) and the contaminant 
concentrations were monitored via high pressure liquid chromatography (HPLC). Following 
completion of the first 5-day contaminant degradation phase (i.e., after contaminants were 
degraded to below detection limits), a second cycle of Fe(II)-generating and H2O2-generating 
phases was carried out during the 7-8 and 8-9 day time periods, respectively, followed by re-
spiking of contaminant mixtures to initial concentrations and carrying out a second 5-day 
contaminant degradation phase during the 9-14 day time period. An identical third cycle of Fe(II)-
generating, H2O2-generating, and contaminant degradation phases was carried during the 14-19 
day time period. Reactor temperature (25°C) and pH (7.0) were held constant throughout all 
reactor phases. 

 
Inhibition of the Microbially-Driven Fenton Reaction in Control Incubations. A series of 

four control incubations were carried out to confirm that the single, binary, and ternary mixtures 
of TCE, PCE, and 1,4-dioxane were degraded by HO∙ radicals generated by the S. oneidensis-
driven Fenton reaction. The four control incubations were carried out in the fed batch reactor 
system described above with the following changes: In the first set of control incubations, the 
H2O2-generating and contaminant degradation phases were carried out with 15 mM NO3

- replacing 
10 mM Fe(III) as electron acceptor. In the second set of control incubations, the HO∙ radical-
scavenging compounds mannitol (120 mM) and thiourea (20 mM) were added to the fed batch 
reactor system prior to initiating the H2O2-generating phase. The toxicities of mannitol and 
thiourea were tested in LS medium by comparing aerobic growth of S. oneidensis batch cultures 
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in the presence and absence of mannitol or thiourea and single, binary, and ternary mixtures of 
TCE, PCE, and 1,4-dioxane. In the third set of control incubations, Fe(III) or S. oneidensis cells 
(abiotic control) were omitted from the H2O2-generating and contaminant degradation phases. In 
the fourth set of control incubations, contaminant concentrations were monitored in abiotic sealed 
serum bottles maintained under strict anaerobic conditions without injection of compressed 
nitrogen for a 20-day anaerobic incubation period. Analytical methods can be found in detail in 
the primary literature (61) . 
 
2D. Results and Discussion. The Fe(III)-reducing facultative anaerobe S. oneidensis was recently 
employed to drive the Fenton reaction for HO∙ radical production and 1,4-dioxane degradation in 
a batch reactor system that included S. oneidensis cells, Fe(III), and alternate injections of 
compressed nitrogen (to facilitate microbial Fe(III) reduction) and compressed air (to facilitate 
microbial H2O2 production) (29). The Henry’s Law constant for TCE (0.11 mol kg-1 bar-1) and 
PCE (0.05 mol kg-1), however, are over three orders of magnitude lower than the Henry’s law 
constant for 1,4-dioxane (220 mol kg-1 bar-1) (29, 48-51). Thus, in initial batch reactor designs, the 
compressed gas injections quickly volatilized TCE and PCE to below detection levels (data not 
shown), while the concentrations of TCE and PCE remained constant in the absence of compressed 
gas injection (Figs. S2 and S3). The batch reactor system was therefore modified to avoid TCE 
and PCE loss due to volatility. In the modified fed batch reactor system, the Fe(II)-generating 
(microbial Fe(III) reduction stimulated by injection of compressed nitrogen), H2O2-generating 
(microbial H2O2 production stimulated by injection of compressed air), and contaminant 
degradation phases (without injection of compressed gases) were separated and the fed batch 
reactor system was cycled three times through each of the three separate phases (Fig. S14 in (59)).  
 In the following results section, the single, binary, and ternary mixtures of TCE, PCE, and 
1,4-dioxane were designated as follows: TCE alone = T, PCE alone = P, 1,4-dioxane alone = D, 
TCE + PCE = TP, TCE + 1,4-dioxane = TD, PCE + 1,4-dioxane = PD, and TCE + PCE + 1,4-
dioxane = TPD. To test for TPD toxicity, S. oneidensis was grown aerobically in LS growth 
medium supplemented with a ternary mixture of T (100 μM), P (100 μM), and D (2 mM). Aerobic 
growth rates in the presence and absence of TPD were nearly identical, which indicated that the 
TPD concentrations did not inhibit S. oneidensis metabolic activity (Fig S1). 

The following strategy was applied to all bioreactors: to initiate HO∙ radical production by 
the S. oneidensis-driven Fenton reaction, Fe(III)-containing S. oneidensis cultures were incubated 
under anaerobic conditions for 24 h, the pool of 10 mM Fe(III) was microbially reduced. At the 
24-h time point, compressed air was injected for the next 24 h into all incubations, and Fe(II) was 
air-oxidized. At the 2-d time point, the T, TP, TD, and TPD mixtures were added to initiate the 
first contaminant degradation phase (2-7 d time period). At the 7-d time point, a second cycle of 
Fe(II)- and H2O2-generating phases was carried out. At the 9-d time point, the T, TP, TD, and 
TPD mixtures were again added to initiate a second contaminant degradation phase (9-14 d time 
period). At the 14-d time point, a third cycle of Fe(II)- and H2O2-generating phases was carried 
out. At the 16-d time point, the T, TP, TD, and TPD mixtures were added to initiate a final 
contaminant degradation phase (16-19 d time period).  

TCE Degradation in the Presence and Absence of PCE and 1,4-Dioxane. The rates of TCE 
degradation (in single, binary, and ternary mixtures of contaminants) ranged from 84-137% 
between the first, second, and third TCE degradation phases (i.e., by comparing rates of TCE 
degradation in phases T1, T2, T3 or TP1, TP2, TP3 or TD1, TD2, TD3 or TPD1, TPD2, TPD3; 
Fig. 2a).  
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During the first contaminant degradation phase with T as sole contaminant, T was degraded 
at an initial rate of 1.1 μM h-1 (Figs. 1b, 4a, and Table S3). By comparison, T was degraded in TP, 
TD, and TPD mixtures at initial rates 71%, 82%, and 74%, respectively, of the T degradation rate 
with T as sole contaminant (i.e., % of T1 degradation rate; Figs. 1b, 4a, and Table S3). T was 
degraded to below detection limits by the end of the first degradation phase (7-d time point) with 
T as sole contaminant and in the TD, TP, and TPD mixtures (Fig. 1b). 

During the second contaminant degradation phase with T as sole contaminant, T was 
degraded at an initial rate of 1.5 μM h-1 (Figs. 1b, 4a, and Table S3). By comparison, T was 
degraded in the TP, TD, and TPD mixtures at initial rates of 51%, 67%, and 55%, respectively, of 
the T degradation rate with T as sole contaminant (i.e., % of T2 degradation rate; Figs. 1b, 4a, and 
Table S3). T was degraded to below detection limits by the end of the second degradation phase 
(14-d time point) with T as sole contaminant and in the TD, TP, and TPD mixtures (Fig. 1b).   

During the third contaminant degradation phase with T as sole contaminant, T was 
degraded in the TP, TD, and TPD mixtures at initial rates of 1.4 μM h-1 (Figs. 1b, 4a, and Table 
S3). By comparison, T was degraded at initial rates of 46%, 65%, and 74%, respectively, of the T 
degradation rate with T as sole contaminant (i.e., % of T3 degradation rate; Figs. 1b, 4a, and Table 
S3). T was degraded to below detection limits by the end of the third degradation phase (19-d time 
point) with T as sole contaminant. Due to early termination of the third contaminant degradation 
phase, T was degraded to 37, 56, and 28 μM levels in the TD, TP, and TPD mixtures, respectively; 
Fig. 1b).  

T was degraded at nearly identical rates as sole contaminant in the three successive 
contaminant degradation phases (2-7, 9-14, and 16-19 d time periods; Fig. 2a and Table S3). T 
concentrations remained constant at 100 μM in parallel control incubations lacking Fe(III) or S. 
oneidensis cells (abiotic control; Fig. S2 in (59)), but including three identical cycles of successive 
anaerobic (Fe(II)-generating), aerobic (H2O2-generating), and contaminant (T, TP, TD, and TPD) 
degradation phases. Identical patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and 
chemical (O2-catalyzed) Fe(II) oxidation were observed in parallel control incubations with 
contaminants omitted (Fig. 1a), which indicated that rates of microbially-catalyzed Fe(III) 
reduction and O2-catalyzed Fe(II) oxidation were not affected by the presence of the T, TP, TD, 
or TPD mixtures. 
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Figure 1. Concentration profiles during microbial Fenton degradation of TCE, PCE and 1,4-dioxane in fed 
batch liquid cultures of S. oneidensis amended with 10 mM Fe(III)-citrate, single, binary, and ternary 
mixtures of TPD (100 μM TCE, 100 μM PCE  and 2 mM 1,4-dioxane) and subjected to : Anaerobic (0-1, 
7-8, 14-15 day time periods), aerobic (1-2, 8-9, 15-16 day time periods) and TPD degradation (2-7, 9-14, 
16-19 day time periods) phases: (a) Fe(II) (for TCE reactions); (b) TCE; (c) Fe(II) (for PCE reactions); (d) 
PCE; (e) Fe(II) (for 1,4-dioxane reactions); (f) 1,4-dioxane; solid red (), single contaminant only; solid 
black (x), TCE + 1,4-dioxane; solid green (), TCE + PCE; solid blue (), PCE + 1,4-dioxane; solid black 
(▲), TCE + PCE + 1,4-dioxane; dashed black (), no contaminant control. Grey shaded areas correspond 
to Fe(II)-generating phase, yellow shaded areas correspond to H2O2-generating phase, and unshaded areas 
correspond to contaminant degradation phase. Arrows indicate time of addition (day 2) and respiking (day 
9 & 16) of contaminants. Error bars represent range of errors in duplicate batch reactors. 
 

PCE Degradation in the Presence and Absence of TCE and 1,4-Dioxane. Nearly identical 
patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and chemical (O2-catalyzed) 
Fe(II) oxidation were observed in analogous P, TP, PD, and TPD contaminant degradation 
experiments (Fig. 1c). P was degraded at an initial rate of 1.4 μM h-1 during the contaminant 
degradation phase with P as sole contaminant (Figs. 1d, 4b). By comparison, P was degraded in 
the PT, PD, and TPD mixtures at initial rates of 110%, 75%, and 62%, respectively, of the P 
degradation rate with P as sole contaminant (i.e., % of P1 degradation rate; Figs. 1d, 4b). P was 
degraded to below detection limits by the end of the first degradation phase (7-d time point) with 
P as sole contaminant and in the PT, PD, and TPD mixtures (Fig. 1d).   

During the second contaminant degradation phase with P as sole contaminant, P was 
degraded at an initial rate of 1.6 μM h-1 (Figs. 1d, 4b, and Table S4). By comparison, P was 
degraded at initial rates of 88%, 69%, and 96%, respectively, of the P degradation rate with P as 
sole contaminant (i.e., % of P2 degradation rate; Figs. 1d, 4b, and Table S4). P was degraded to 
below detection limits by the end of the second degradation phase (14-d time point) with P as sole 
contaminant and in the PT, PD, and TPD mixtures (Fig. 1d).  

During the third contaminant degradation phase with P as sole contaminant, P was 
degraded at an initial rate of 1.2 μM h-1 (Figs. 1d, 4b). By comparison, P was degraded at initial 
rates of 98%, 69%, and 72%, respectively, of the P degradation rate with P as sole contaminant 
(i.e., % of P3 degradation rate; Figs. 1d, 4b). P was degraded to below detection limits by the end 
of the third degradation phase (19-d time point) with PT as contaminant mixture. Due to early 
termination of the third contaminant degradation phase (19-d time point), P was degraded to 10, 
36, and 33 μM levels in the P, PD, and TPD mixtures, respectively; Fig. 1d).  

P was degraded as sole contaminant at nearly identical rates in the three successive 
contaminant degradation phases (2-7, 9-14, and 16-19 day time periods; Fig. 2b and Table S4). P 
concentrations remained constant at 100 μM in parallel control incubations lacking Fe(III) or S. 
oneidensis cells (abiotic control; Fig. S3 in (59)), but including three identical cycles of successive 
anaerobic (Fe(II)-generating), aerobic (H2O2-generating), and contaminant (P, PT, PD, and TPD) 
degradation phases. Identical patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and 
chemical (O2-catalyzed) Fe(II) oxidation were observed in parallel control incubations with 
contaminants omitted (Fig. 1c), which indicated that rates of microbially-catalyzed Fe(III) 
reduction and O2-catalyzed Fe(II) oxidation were not affected by the presence of the P, PT, PD, or 
TPD mixtures. 
 

1,4-Dioxane Degradation in the Presence and Absence of TCE And PCE. Nearly identical 
patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and chemical (O2-catalyzed Fe(II) 
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oxidation were observed in analogous D, DT, DP, and TPD contaminant degradation experiments 
(Figs. 1e). At the 2-d time point, the D, DT, DP and TPD mixtures were added to initiate the first 
contaminant degradation phase (2-7 d time period). D was degraded at an initial rate of 30.8 μM 
h-1 (Figs. 1f, 4c, and Table S5). By comparison, D was degraded in the DT, DP, and TPD mixtures 
at initial rates of 35%, 39%, and 54%, respectively, of the D degradation rate with D as sole 
contaminant (i.e., % of D1 degradation rate; Figs. 1f, 4c, and Table S5). D was degraded to below 
detection limits by the end of the first degradation phase (7-d time point) in the D and DP mixtures. 
However, D was only degraded to 0.17 mM and 0.85 mM levels in the DT and TPD mixtures, 
respectively (Fig. 1f). 

During the second contaminant degradation phase with D as sole contaminant, D was 
degraded at an initial rate of 36.2 μM h-1 (Figs. 1f, 4c, and Table S5). By comparison, D was 
degraded at initial rates of 61%, 38%, and 36%, respectively, of the D degradation rate with D as 
sole contaminant (i.e., % of D2 degradation rate; Figs. 1f, 4c, and Table S5). D was degraded to 
below detection limits by the end of the second degradation phase (14-d time point) with D as sole 
contaminant. However, D was degraded only to 0.34, 0.30, and 0.16 mM levels in the DT, DP, 
and TDP mixtures, respectively (Fig. 1f). 

During the third contaminant degradation phase with D as sole contaminant, D was 
degraded at an initial rate of 27.9 μM h-1 (Figs. 1f, 4c, and Table S5). By comparison, D was 
degraded at initial rates of 97%, 101%, and 70%, respectively, of the D degradation rate with D as 
sole contaminant (i.e., % of D3 degradation rate; Figs. 1f, 4c, and Table S5). Due to early 
termination of the third degradation phase (19-d time point), D was degraded to 0.6, 0.43, 0.48, 
and 0.96 mM levels in the D, DT, DP, and TPD mixtures, respectively (Fig. 1f). 

D was degraded at nearly identical rates as sole contaminant in the three successive 
contaminant degradation phases (2-7, 9-14, and 16-19 d time periods; Fig. 2c and Table S5). D 
concentrations remained constant at 100 μM in parallel control incubations lacking Fe(III) or S. 
oneidensis cells (abiotic control; Fig. S4 in (59)), but including three identical cycles of successive 
anaerobic (Fe(II)-generating), aerobic (H2O2-generating), and contaminant (D, DT, DP, and TPD) 
degradation phases. Identical patterns of microbial (S. oneidensis-catalyzed) Fe(III) reduction and 
chemical (O2-catalyzed) Fe(II) oxidation were observed in parallel control incubations with 
contaminants omitted (Fig. 1e), which indicated that rates of microbially-catalyzed Fe(III) 
reduction and O2-catalyzed Fe(II) oxidation were not affected by the presence of the D, DT, DP, 
or TPD mixtures. 

 
Inhibition of the Microbially-Driven Fenton Reaction in Control Incubations. To confirm 

that the single, binary, and ternary mixtures of TPD were degraded by HO∙ radicals generated by 
the S. oneidensis-driven Fenton reaction, a series of control incubations were carried out in the 
presence of the HO∙ radical-scavenging compounds mannitol or thiourea. The single, binary, or 
ternary mixtures of TPD were not degraded in the contaminant degradation phase in the presence 
of mannitol or thiourea (Figs. S2-4). To test for toxicity of mannitol and thiourea in the presence 
of TPD, S. oneidensis cultures were grown aerobically in LS growth medium supplemented with 
mannitol or thiourea and the ternary TPD mixture. Aerobic growth rates in the presence or absence 
of mannitol or thiourea were nearly identical, which indicates that a combination of mannitol or 
thiourea and TPD did not inhibit S. oneidensis metabolic activity (Fig. S1 in (59)). The ability of 
the HO∙ radical-scavenging compounds mannitol and thiourea to inhibit TPD degradation indicates 
that HO∙  radicals derived from the microbially-driven Fenton reaction are involved in the 
degradation of single, binary, and ternary TPD mixtures.  
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The requirement for microbial Fe(III) reduction was tested by replacing Fe(III) with NO3
- 

and carrying out an otherwise identical set of TPD degradation experiments with NO3
--containing 

fed batch reactors. TPD was not degraded with NO3
- as electron acceptor (Figs. S2-4), or in the 

absence of S. oneidensis cells (Figs. S2-4). These results indicated that microbial Fe(III) reduction 
was required to drive the TPD degradation process. Furthermore, in all TPD degradation and 
control incubations, lactate was consumed at similar rates (87.5 - 100.0 μM h-1), while lactate 
concentrations remained constant during the 17-day abiotic control incubations (Figs. S6-8 and 
S12). Due to the microbially-catalyzed aerobic oxidation of lactate during the aerobic (H2O2-
generating) phase, acetate was produced at rates of 50.0 - 66.7 μM h-1 (Figs. S9-11 and S13). 

Although TCE and PCE are often comingled with 1,4-dioxane in contaminated soil and 
ground water, only a limited number of studies have examined simultaneous degradation of 
multiple contaminants, with emphasis on binary mixtures of TCE and 1,4-dioxane or TCE and 
PCE (26, 42-44). The present study is the first report of simultaneous degradation of source zone 
levels of ternary mixtures of TCE, PCE, and 1,4-dioxane. In control incubations held under strictly 
anaerobic Fe(III)-reducing conditions, the TPD mixtures were not degraded, which demonstrated 
that S. oneidensis was unable to enzymatically degrade TCE, PCE, or 1,4-dioxane in the 
contaminant degradation phase. In addition, under a normal cycle of alternating anaerobic and 
aerobic conditions, the three contaminant mixtures were not degraded in the absence of Fe(III), in 
the absence of S. oneidensis cells, or in the presence of the HO∙ radical-scavenging compounds 
mannitol or thiourea. These findings indicate that the TPD mixtures were simultaneously degraded 
by HO∙ radicals produced by the microbially-driven Fenton reaction (14). 

In a similar fashion, the rates of PCE and 1,4-dioxane degradation (in single, binary, and 
ternary mixtures of contaminants) also ranged from 77-168%. However, during the second (DT 
mixture) and third (DT and DP mixtures) 1,4-dioxane degradation cycles, 1,4-dioxane degradation 
rates were 104%, 150%, and 133% higher, respectively. The higher 1,4-dioxane degradation rates 
were most likely due to the incomplete degradation of 1,4-dioxane during the preceding 
contaminant degradation phase, the resulting carry over of 1,4-dioxane to the next cycle, and the 
inadvertent higher ratios of D/T or D/P (second phase: D/T - 33% higher; third phase: D/T - 28% 
higher, D/P - 6% higher) compared to the respective D/T or D/P ratios of the first degradation 
phase (Figs. 1b, 1d, 1f, 2b, 2c, and Tables S4 and S5). 
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Figure 2. Comparison of rate of degradation of TCE, PCE and 1,4-dioxane between three contaminant 
degradation phase cycles. Rate of degradation during 2nd and 3rd cycles is calculated as % of rate of 
degradation during 1st cycle. (a) TCE, T1 = 1.1 μM h-1, TP1 = 0.8 μM h-1, TD1 = 0.9 μM h-1, TPD1 = 0.8 
μM h-1; (b) PCE, P1 = 1.4 μM h-1, PT1 = 1.6 μM h-1, PD1 = 1.1 μM h-1, TPD1 = 0.9 μM h-1; (c) 1,4-Dioxane, 
D1 = 30.8 μM h-1, DT1 = 10.9 μM h-1, DP1 = 12.1 μM h-1, TPD1 = 16.8 μM h-1. Error bars represent range 
of errors in duplicate batch reactors. 
 

 Furthermore, lactate was only depleted to approximately 15 - 20 mM levels after three 
successive cycles (i.e., 30 - 40% of the initial 50 mM lactate feed remained after the third cycle), 
and correspondingly, acetate was produced (from lactate oxidation) at similar rates in each of the 
three cycles (Figs. S6-13). These results indicate that the microbially-driven Fenton reaction was 
not limited by lactate depletion upon completion of the third cycle, and that the microbially-driven 
Fenton system can handle at least three repeated feeds of ternary mixtures of TCE, PCE, and 1,4-
dioxane without compromising the efficiency of contaminant degradation.  

Rates of contaminant degradation by HO∙  radicals are a function of the contaminant-
specific HO∙  radical reaction rate constants (kHO

.) (TCE range: 0.85-1.59 X 109 M-1 s-1, TCE 
average: 1.22 X 109 M-1 s-1; PCE range: 1.62-2.33 X 109 M-1 s-1, PCE average: 1.98 X 109 M-1 s-1; 
1,4-dioxane range: 1.1-2.4 X 109 M-1 s-1, 1,4-dioxane average: 1.75 X 109 M-1 s-1) (25, 54), the 
initial concentrations of contaminant, and the number of double bonds in the contaminant 
molecular structure (26). Other factors impacting the Fenton degradation of TCE, PCE, and 1,4-
dioxane include the myriad of unidentified HO∙ radical-interacting intermediates produced during 
contaminant degradation (12, 38).  

Despite these complicating factors, the predicted- and experimentally-derived contaminant 
degradation rates in the present study may be compared for the case of binary mixtures of TCE 
and PCE because both contaminants were added at identical concentrations and both contain an 
identical number of double bonds. Subsequently, the ratio of the experimentally-derived rates of 
PCE and TCE degradation in binary mixtures of PCE and TCE (designated Pexp/Texp) is predicted 
to be equal to the ratio of PCE- and TCE-specific kHO

. (designated kHO
.(P)/ kHO

. (T)). Pexp/Texp 
ratios ranged from 1.8 - 2.1 in the three degradation phases of the PCE and TCE binary mixture 
experiments (Fig. 3), which were comparable to kHO

.(P)/ kHO
.(T) ratios (1.5 - 1.9) previously 

reported for TCE and PCE degradation by purely chemical Fenton reactions (indicated by the 
dotted lines in Fig. 3) (25).  
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Figure 3. Ratio of the experimentally-derived rates of PCE and TCE degradation in binary mixtures of PCE 
and TCE (Pexp/Texp) across three contaminant degradation phase cycles. Black dotted lines indicate reported 
range of ratio of kHO. (P)/ kHO. (T) (25). Equal molar of TCE and PCE (100 μM) were added at the start of 
each cycle. Error bars represent range of errors in duplicate batch reactors. 

 
Similar rate comparisons with binary mixtures of 1,4-dioxane and TCE or 1,4-dioxane and 

PCE were not possible because the source zone levels of 1,4-dioxane (2 mM) used in the present 
study were 20-fold greater than the source zone levels of TCE and PCE (100 µM) (55, 56). 
Correspondingly, the 20-fold higher 1,4-dioxane concentrations led to 1,4-dioxane degradation 
rates that were 9-to-34-fold higher than the TCE and PCE degradation rates in all contaminant 
mixtures (Tables S6 and S7). Regardless of the concentration-dependent differences in 
contaminant degradation rates, the microbially-driven Fenton reaction degraded source zone levels 
of ternary mixtures of TCE, PCE, and 1,4-dioxane to below detection limits when contaminant 
degradation phases were extended to < 5-d time periods (first and second cycles; Figs. 1b, 1d, and 
1f). 

Rates of degradation of TCE as sole contaminant (in first, second, and third TCE 
degradation phases) were 18-54% lower in binary and ternary mixtures of PCE and 1,4-dioxane 
(i.e., by comparing rates of TCE degradation in phases T1, TP1, TD1, TPD1 and T2, TP2, TD2, 
TPD2 and T3, TP3, TD3, TPD3; Fig. 4a and Table S3). Decreases in TCE degradation rates in the 
binary and ternary contaminant mixtures are most likely due to competition for HO∙ radicals by 
PCE (with a kHO

. 62% higher than TCE) or 1,4-dioxane (with a kHO
. approximately 43% higher 

than TCE and amended at 20-fold higher concentrations than TCE). Rates of degradation of PCE 
as sole contaminant (in first, second, and third PCE degradation phases) were not affected by TCE 
in binary mixtures of TCE and PCE, but were 4-38 % lower in binary and ternary mixtures 
containing 1,4-dioxane (i.e., by comparing rates of PCE degradation in phases P1, TP1, PD1, 
TPD1, and P2, TP2, PD2, TPD2 and P3, TP3, PD3, TPD3; Fig 4b and Table S4). The inability of 
TCE to affect PCE degradation rates is most likely due to the 62% higher kHO

. for PCE than TCE. 
Decreases in PCE degradation rates in the binary and ternary contaminant mixtures containing 1,4-
dioxane are most likely due to competition for HO∙ radicals by 1,4-dioxane, which was amended 
at 20-fold higher concentrations than PCE. Rates of degradation of 1,4-dioxane as sole 
contaminant (in first, second, and third TCE degradation phases) were 39-65% lower in binary and 
ternary mixtures of TCE and PCE (i.e., by comparing rates of 1,4-dioxane degradation in phases 
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D1, TD1, PD1, TPD1 and D2, TD2, PD2, TPD2 and T3, TD3, PD3, TPD3; Fig 4c and Table S5). 
Decreases in 1,4-dioxane degradation rates in the binary and ternary contaminant mixtures are 
most likely due to competition for HO∙ radicals by PCE (with a kHO

. 13% higher than 1,4-dioxane; 
Fig. 4c). During the third 1,4-dioxane degradation cycle, however, 1,4-dioxane degradation rates 
rebounded to 70 – 101% of the degradation rates with 1,4-dioxane as sole contaminant, most likely 
due to decreases in PCE concentrations below threshold levels for PCE to compete effectively 
with 1,4-dioxane for HO∙ radicals during the third contaminant degradation cycle (Fig. 4c).  

 

 

 
Figure 4. Comparison of rate of degradation of TCE, PCE and 1,4-dioxane between single, binary and 
ternary mixtures. Rate of degradation for binary and ternary mixtures is calculated as % of rate of single 
contaminant degradation. T1 = 1.1 μM h-1, T2 = 1.5 μM h-1, T3 = 1.4 μM h-1, P1 = 1.4 μM h-1, P2 = 1.6 μM 
h-1, P3 = 1.2 μM h-1, D1 = 30.8 μM h-1, D2 = 36.2 μM h-1, D3 = 27.9 μM h-1. black, 1st cycle; blue, 2nd cycle; 
green, 3rd cycle. Error bars represent range of errors in duplicate batch reactors. 
 

Similar to previous results reported with purely chemical Fenton reactions, results of the 
present study indicate that contaminant degradation rates in the microbially-driven Fenton reaction 
depend on the kHO

. of competing contaminants, the initial contaminant concentration, and the 
number of double bonds in the contaminant molecular structure. In binary and ternary mixtures, 
contaminants with greater kHO

. suppress the degradation of other contaminants with lower kHO
. and 

the contaminant degradation phase must be extended for longer time periods to degrade 
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contaminants below detection limits (26).  The microbially-driven Fenton reaction may thus be 
applied as an effective ex situ platform for simultaneous degradation of at least three (and 
potentially more) co-mingled contaminants at source zone levels. 
 
2E. Conclusions and Implications for Future Research/ Implementation. Microbial 
respiratory processes catalyze both H2O2 production and Fe(III) re-reduction in the microbially-
driven Fenton reaction designed in the present study. Microbial Fe(III) reduction is a dominant 
anaerobic respiratory process in many contaminated subsurface environments (57), which suggests 
that the microbially-driven Fenton reaction may be stimulated in situ by exposing Fe(III)-reducing 
facultative anaerobes in Fe(III)-containing contaminated environments to alternating anaerobic 
and aerobic conditions. Other in situ remediation strategies may include stimulation of the 
microbially-driven Fenton reaction by placing reactive iron barriers in the flow path of 
contaminated subsurface aquifers and exposing Fe(III)-reducing bacteria attached to the iron 
barriers to alternating anaerobic and aerobic conditions (58). In principal, targets for ex situ and in 
situ degradation by the microbially-driven Fenton reaction developed in the present study include 
multiple combinations of environmental contaminants susceptible to attack by Fenton reaction-
generated HO∙ radicals, including co-mingled plumes of 1,4-dioxane, PCP (35, 36), PCE (37), 
TCE (23), TCA (59) and PFAS (60).  
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3. Application of the Microbially-Driven Fenton Reaction for Degradation of 
the Perfluoroalkyl Substance Perfluorooctanoic Acid (PFOA)  
 
3A. Objective. The objective of this research was to develop novel remediation technologies using 
the microbially-driven Fenton reaction for degradation of PFOA. 
 
3B. Background. Perfluoroalkyl substances (PFAS) have received recent heightened attention as 
emerging contaminants and persistent organic pollutants by global governmental agencies, 
including the USEPA. Due to their widespread application in household products and as the active 
component of aqueous film-forming foams, PFAS are globally distributed in the environment with 
significant concentrations detected in drinking water, lakes, and even in remote locations such as 
the Arctic Ocean (Hu 2016; Moller 2010; Gonzalez-Gaya 2014, Kannan et al 2004, Yeung 2017). 
PFAS contain polar head groups attached to fluorinated carbon chains, which resist degradation 
due to the high strength of the carbon-fluorine bond (116 kcal/mol) (O’Hagan 2008) (Fig. 1). PFAS 
thus bioaccumulate in the blood and tissues of marine animals, land mammals and humans and 
can display carcinogenic properties (Moller 2010; Casal 2017; Bjerregaard-Olesen 2015).  
 Some effective PFAS remediation techniques such as sonolysis or plasma treatment are 
often resource or energy intensive, but advanced oxidation processes (AOP) or reduction strategies 
may be a viable alternative for in-situ treatment of contaminated water (Moriwaki 2005; Vecitis 
2008; Wu 2019; Stratton 2017). Prior to 2020, there was considerable ambiguity about whether 
the HO• radical, utilized in some AOPs, can effectively attack and degrade PFAS, including PFOA. 
Reports indicated PFOA and other PFAS were degraded by a UV-Fenton reaction (Tang 2012), 
photodegradation in a UV- Fe(III) system (Liu 2013), catalyzed hydrogen peroxide propagation 
with hydroxyl radical and superoxide (Mitchell 2014), and solvated electrons (Park 2009). 
Additionally, if not directly involved, there was evidence that superoxide or the hydroxyl radical 
may assist PFOA degradation (Chen 2016, 2015, 2011; Gomez-Ruiz 2018; Huang 2016; Lin 
2015). PFAS decontamination via microbial (enzymatic) PFAS defluorination has yet to be 
definitively demonstrated, most likely due to the strength of the carbon-fluorine bond and 
resistance to enzymatic attack.  
 The microbially driven Fenton reaction produces the hydroxyl radical (HO•), which 
indiscriminately attacks and degrades contaminants, and thus is distinct from other microbial 
degradation techniques which typically require expression of a specific enzyme to degrade a single 
contaminant. The microbially driven Fenton reaction produces hydroxyl radicals that have 
degraded a wide range of environmental contaminants including pentachlorophenol; 1,4-dioxane; 
trichloroethylene; perchloroethylene; pyrene; and anthracene (McKinzi 1999; Sekar 2014; Sekar 
2016; Sekar 2017). In contrast to conventional (purely abiotic) Fenton remediation, microbially 
driven Fenton operates at a circumneutral pH, does not require exogenous addition of reagents, 
and regenerates catalysts. We applied the microbially driven Fenton reaction system to the 
emerging contaminant PFOA. Bioreactors contained M1 minimal growth medium amended with 
Fe(III)-citrate, PFOA, and the facultative anaerobe Shewanella oneidensis MR-1. The bioreactor 
was initially degassed to allow ferric iron respiration by S. oneidensis MR-1, which reduce all 
available Fe(III) to Fe(II). After all iron was reduced, the reactor was sparged with compressed air 
and cells switched to aerobic respiration, which produces hydrogen peroxide (H2O2) and 
superoxide as waste products. Ferrous iron (Fe(II)) and H2O2 react to produce the hydroxyl radical, 
which can initiate a chain of radical reactions to attack and degrade the environmental pollutants. 
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Figure 1. Structure of environmental pollutant perfluorooctanoic acid. 
 
3C. Materials and Methods.  
Design of a Microbially Driven Fenton Reaction for Perfluorooctanoic Acid in a Batch Reactor 
System. The toxicity of PFOA to S. oneidensis was tested by growing batch cell cultures at cell 
density OD600=0.1 in the presence of high concentrations (0-300 μM) of PFOA (Sigma-Aldrich) 
in M1 minimal medium under anaerobic conditions with 5mM Fe(III) citrate for 48 h. Cell activity 
was monitored by measuring the concentration of Fe(III) reduced to Fe(II) over time using the 
ferrozine method (Stookey 1970). The experimental conditions for the microbially-driven Fenton 
degradation of PFOA were nearly identical to the batch system designed to degrade 1,4-dioxane 
in (Sekar 2014). Each bioreactor contained S. oneidensis batch cultures at OD600 = 1.0 amended 
with 20 mM lactate as the electron donor, 10 mM Fe(III)-citrate as the electron acceptor, and 1 
μM PFOA, and exposed to an aerobic/anaerobic cycling period of 2-4 hours. Reactor temperature 
(25°C) and pH (7.0) were held constant in all experiments. Aerobic conditions were initiated by 
sparging the culture with hydrated compressed air for pre-selected time periods, and anaerobic 
conditions were initiated and maintained in a similar manner with N2 gas. Each bioreactor had two 
experimental replicates. 
Liquid-Liquid Extraction of PFOA from Batch Reactors. Although there are numerous PFOA 
extraction protocols found in the literature, most are optimized for extraction from comparatively 
dilute or low-concentration environments: drinking water, marine waters, or groundwater, where 
PFOA concentrations are generally in the nano- or picomolar range, and sample contamination 
with the analyte is a concern. In contrast, our bioreactors presented a high concentration of PFOA 
at 1 μM, high iron and iron oxide mineral content (10 mM Fe(III)), and high cell density (109 cells 
* mL-1). As such, we did not need to take precaution against trace contamination with the analyte 
and prioritized maximizing extraction recovery yield. Immediately following batch reactor 
decommission, 2 mL of liquid culture samples were aliquoted into microcentrifuge tubes. Each 
sample was spiked with isotopically labeled M2PFOA (extraction control; Wellington 
Laboratories, Inc.) (Fig. 2) for a final concentration of 100nM and stored at 4C. 3 mL of HPLC-
grade water (pH=10, adjusted with NaOH) was added to 0.5 mL of liquid culture in a 15 mL 
borosilicate glass tube, then vortexed on high speed for 10 seconds and incubated at room 
temperature for 30 minutes. 4 mL of methyl tert-butyl ether (MTBE; Sigma-Alrich) was added to 
the tube and vortexed on high for 20 minutes. Tubes were set upright to allow separation of 
aqueous and organic layers, then MTBE (organic layer containing PFOA) was removed using a 
glass syringe with a steel luer-lock needle to a new 15mL borosilicate glass tube (all glass and 
steel materials were required for extractions due to incompatibility of MTBE with most plastic 
materials). MTBE extraction steps were repeated three times, then stored at 4C if 
required. Samples were centrifuged in a Speedvac at 4000rpm for 1.5 hrs to evaporate MTBE 
from tubes, then analyte was resuspended in 1mL of 90:10 H2O:acetonitrile. Each sample was 
spiked with isotopically labeled M8PFOA (instrument control; Wellington Laboratories, Inc.) 
(Fig. 2) at a final concentration of 100 nM. Samples were vortexed and transferred to HPLC vials, 
then analyzed using liquid chromatography combined with tandem mass spectrometry (LC-
MS/MS).  
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Figure 2. Structures of 13-C labeled PFOA standards. a) M2PFOA, double-13-C-labeled extraction 
control; b) M8PFOA, octuple-13-C-labeled instrument control. 
 

Quantification of PFOA using Tandem Mass Spectrometry Combined with Liquid 
Chromatography. LC-MS/MS method development for PFOA detection was completed using 
the Agilent 1100 Series HPLC interfaced with a Micromass Quattro LC triple quadrupole mass 
spectrometer. All data shown is an average from three technical replicate injections. In every run, 
blank samples were injected first to eliminate/reduce sample carryover, low concentration neat 
samples (namely control M2FOA and M8PFOA) were injected next for the same reason, then 
followed by experimental samples. The 1 μM PFOA neat control was injected last. The HPLC was 
operated using water and acetonitrile (ACN) both containing 5mM ammonium acetate and a 50 x 
2 x 10 mm Kinetex C18 column (mm length x mm inside diameter x μm particle size) kept at 25C. 
Pumping at a constant total flow rate of 0.5mL/min, runs begin with an eluent of 90/10 (v/v) 
water/ACN, then linearly ramping to 30/70 at 2 min, changing to 0/100 at 9 min, holding 
constant until 11 min, linearly ramping to 5/95 until 12 min, then holding constant at 5/95 until 
end of analysis at 15 min. PFOA elutes around 7.5 min. Upon elution from the HPLC, extracts are 
introduced to the mass spectrometer in ESI(-) mode with the capillary potential set at -3.5 kV, the 
cone potential at -20V, the extractor potential at -8 V and the radio frequency (rf) lens potential at 
0.05 V. The source block temperature was maintained at 100C and the desolvation gas temperature 
was maintained at 350C. Both the low and high mass resolutions in the first quadrupole were set 
to 14.0 (unitless ratio of direct to rf current voltages) and the ion energy was set to 0.6 V.  In the 
collision cell, the entrance and exits were set to 25V. The low and high mass resolutions were set 
at 14.0 in the third quadrupole and the ion energy was set at 1.6 V. The detector multiplier was set 
to -650V. 

3D. Results and Discussion. Toxicity of PFOA to S. oneidensis was negligible between 0-50 μM, 
with effects seen between 100-300 μM (Fig. 3). Initially, microbially-driven Fenton bioreactor 
experiments were amended with 10 μM PFOA (data not shown), but eventually were switched to 
1 μM to better resolve any potential degradation activity.  
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Figure 3. Toxicity of PFOA to S. oneidensis MR-1 incubated with 5 mM Fe(III)-citrate. Cells were 
incubated in anoxic batch reactors for 48 hours in M1 minimal medium amended with 20mM lactate, 5mM 
Fe(III)-citrate, and 0-300 μM PFOA. Samples were taken periodically and analyzed for Fe(II) as a metric 
for tracking cell activity using the ferrozine method (Stookey 1970). 
 
After four cycles of the microbially driven Fenton reaction, endpoint samples from each bioreactor 
were analyzed for remaining PFOA. Controls included bioreactors amended with hydroxyl radical 
scavengers mannitol (120 mM) and thiourea (40 mM), and bottles that lacked cells, Fe(III) or 
PFOA. All bioreactors reduced and reoxidized Fe(III)-citrate at similar rates as each other in all 
cycles (Fig. 4), indicating PFOA had no deleterious effect on S. oneidensis.   

 
Figure 4. Fe(II) concentrations during four cycles of microbially driven Fenton bioreactors amended with 
1 μM PFOA. Error bars (standard deviation) are present but may be hidden behind markers. S. oneidensis 
batch cultures were incubated in M1 minimal medium at OD600 = 1.0 amended with Fe(III) and 1 μM PFOA, 
and exposed to an aerobic/anaerobic cycling period of 2-4 hours. Reactor temperature (25°C) and pH (7.0) 
were held constant in all experiments. Aerobic conditions were initiated by sparging the culture with 
hydrated compressed air when Fe(II) was significantly oxidized, and anaerobic conditions were initiated 
and maintained with N2 gas in a similar manner when Fe(III) was significantly reduced. 

 200 nM M2PFOA was spiked into samples immediately after bioreactors were 
decommissioned as an extraction control. M2PFOA percent recoveries were all similar to each 
other (no PFOA, 81%; experimental, 70%; abiotic, 75%; no Fe, 76%) (Fig. 5b), but skewed low 
when compared with the neat 200 nM M2PFOA control, indicating that some M2PFOA 
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(approximately 20% or 20 nM) likely remained in the aqueous layer after extraction. Increasing 
the M2PFOA concentration to 300 nM would likely resolve this issue. The M8PFOA instrument 
control worked well with all samples within 5% of the 100 nM neat sample signal intensity (no 
PFOA, 102%; experimental, 95%; abiotic, 97%; no Fe, 96%) (Fig. 5c).  

 
Figure 5. a. Intensity of residual PFOA in decommissioned bioreactors following MTBE extraction and 
LC-MS/MS quantitation (extraction percent recovery in parentheses, %). b. Intensity of residual M2PFOA 
(extraction control) in bioreactors after MTBE extraction and LC-MS/MS quantitation (extraction percent 
recovery in parentheses, %). c. Intensity of instrument control M8PFOA, which was spiked into each 
sample immediately following MTBE extraction (percentage of neat 100 nM control in [brackets], %). 

 PFOA extraction percent recoveries were excellent, recovering almost all of the original 1 
μM +/- 20 nM (Fig. 5a), indicating the PFOA extraction method is robust enough to recover all 
PFOA even under high iron, cell density, and metabolite conditions. However, this also indicates 
no PFOA was degraded by the microbially-driven Fenton reaction. No bioreactors showed 
evidence of any PFOA degradation after MTBE extraction and LC-MS/MS analysis (no PFOA, 
2%; experimental, 98%; abiotic, 101%; no Fe, 99%) when compared with the neat 1 μM control 
sample (Fig. 5a). We attempted several iterations of bioreactors, changing variables including cell 
density, cycling times, Fe(III)-citrate concentration, and cell growth medium, but no PFOA was 
degraded (representative data in Fig. 5). Recent literature asserts that PFOA is not degraded by the 
hydroxyl radical (Javed 2020a) or superoxide (Javed 2020b), nor does the hydroxyl radical provide 
ancillary benefits to other radical attacks. Due to PFOA’s recalcitrance to the microbially driven 
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Fenton reaction and the hydroxyl radical, it was not prudent to pursue degradation of other PFAS 
via the microbially driven Fenton reaction. However, there are other promising PFAS degradation 
mechanisms that are independent of the hydroxyl radical, including degradation by solvated 
electron attack (Park 2009) and zero-valent iron (Arvaniti 2015; Hori 2006). 

3E. Conclusions and Future Implications. Due to PFOA’s recalcitrance to the microbially driven 
Fenton reaction and the hydroxyl radical (JAVED 2020), we did not pursue degradation of PFOS 
or other PFAS.  
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4. Optimizing the Microbially-Driven Fenton Reaction in Flow-Through 
Column Reactors 

4A. Objective. As iron oxyhydroxides and iron-reducing bacteria are ubiquitous in soils and 
sediments, the microbially-driven Fenton reaction may represent an economical in situ 
bioremediation strategy for organic contaminants. The overall objectives of this study were to: (i) 
determine whether natural Fe(III) oxyhydroxide substrates promote the microbially-driven Fenton 
process; (ii) determine whether the microbially-driven Fenton reaction process and the degradation 
of 1,4-dioxane as example of contaminant can be sustained in flow-through columns (FTCs); and 
(iii) study the mechanism of the reaction and optimize experimental conditions to make the 
microbially-driven Fenton reaction sustainable in FTCs, with the ultimate objective of transferring 
this technology to pump-and-treat applications. 

4B. Background. The microbially-driven Fenton reaction may represent an economical in situ 
bioremediation strategy for organic contaminants, as the Fenton degradation of organic 
contaminants may be fueled by facultative anaerobic microorganisms that may produce H2O2 and 
other reactive oxygen species (ROS) as by-product of aerobic respiration and Fe(II) from anaerobic 
respiration on a Fe(III) substrate [Sekar, R.; DiChristina, T. J. ,Sekar, R.; Taillefert, M.; 
DiChristina, T. J. ]. Such approach requires alternating redox conditions between aerated and 
anaerobic conditions and has demonstrated efficient in batch reactors with ferric citrate as terminal 
electron acceptor in a minimum medium containing large concentrations of orthophosphate as 
buffer. To optimize the process for in situ bioremediation, it is necessary to determine whether the 
use of natural Fe(III) substrates as source of Fe(II) may represent a good alternative to soluble 
Fe(III) compounds. In addition, high concentrations of orthophosphate may inhibit Fe(III) 
oxyhydroxide dissolution [Stumm, W. Reactivity at the mineral-water interface: dissolution and 
inhibition. ] and immobilize iron as phosphate minerals [Borch, T.; Fendorf, S. Phosphate 
Interactions with Iron (Hydr)oxides: Mineralization Pa,Zachara, J. M.; Kukkadapu, R. K.; 
Fredrickson, J. K.; Gorby, Y. A.; Smith, S. C. Bi], whereas low orthophosphate concentrations 
may impair microbial growth. Orthophosphate concentrations have therefore to be optimized to 
ensure enough bacterial growth while simultaneously promoting microbial reduction of the Fe(III) 
substrate and maintaining the Fe(II) by-product available for the Fenton reaction. In parallel, the 
microbial reduction of Fe(III) oxyhydroxides is often associated with the production of secondary 
mineralization by-products, including magnetite, goethite, siderite, and vivianite [Borch, T.; 
Fendorf, S. Phosphate Interactions with Iron (Hydr)oxides: Mineralization Pa-Hansel, C. M.; 
Benner, S. G.; Fendorf, S. ]. The impact of these secondary minerals on the sustainability of the 
microbially-driven Fenton reaction remains unknown and has to be assessed. Finally, it is 
necessary to optimize the microbially-driven Fenton reaction process in flow-through column 
(FTC) experiments as a first step towards the development of a realistic bioremediation scheme 
that could be adapted for in situ bioremediation in future projects. FTC reactors are often used to 
pump-and-treat contaminated waters because they allow the treatment of a large volume of 
contaminated subsurface waters, they allow the recycling of essential components of the 
bioremediation process, and they can easily be manipulated to alter the biogeochemical conditions 
required to promote the degradation process by changing the pore water composition over time 
[Beazley, M. J.; Webb, S. M.; Martinez, R. J.; Sobecky, P. A.; Taillefert, M. ,Carey, E. A.; 
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Taillefert, M. ]. In this particular case, the redox oscillations needed to promote in situ H2O2 and 
Fe(II) formation may be easily adopted in such reactor configuration. 

 The overall objectives of this part of the project were to: (i) determine whether ferrihydrite 
promotes the microbially-driven Fenton process; (ii) determine whether redox conditions in FTCs 
have to be alternated between aerobic conditions to promote the generation of ROS and anaerobic 
conditions to promote Fe(III) reduction as in the batch reactor experiments [Sekar, R.; DiChristina, 
T. J. ,Sekar, R.; Taillefert, M.; DiChristina, T. J. ]; (iii) optimize the experimental conditions to 
maximize production of ROS and production of Fe(II); and (iv) determine whether microbially-
driven Fenton reaction in FTCs promotes dioxane degradation. 

4C. Materials and Methods. FTCs consist of cylindrical reactors of 15 cm long and 4 cm diameter 
that are filled with ferrihydrite-coated sand prepared freshly. The reactors include inlet and outlet 
chambers designed to supply and collect the medium as a front across the entire section of the 
reactors that are separated from the porous medium by screens and 0.45 µm pore-size membranes 
(Figure 1). The FTCs include a flow cell positioned in line with the outlet stream that can 
accommodate voltammetric microelectrodes to measure the composition of the outlet stream as a 
function of time with a high resolution [Beazley, M. J.; Webb, S. M.; Martinez, R. J.; Sobecky, P. 
A.; Taillefert, M. ,Carey, E. A.; Taillefert, M. ]. Finally, outlet streams are sampled after the flow 
cell with a fraction collector for analysis of reactants and products (Figure 1). Using voltammetric 
Au/Hg microelectrodes with a DLK-70 Analytical Instrument Systems, Inc. (AIS) potentiostat and 
multiplexer that is operated autonomously, the concentration of dissolved oxygen (O2(aq)), and Fe2 

are monitored at each electrode simultaneously in the output flow with 10 minutes frequencies. In 
addition, these sensors are able to qualitatively detect the presence of soluble organic-Fe(III) 
complexes [Taillefert, M.; Bono, A. B.; Luther III, G. W. ] which are produced during 
dissimilatory iron reduction [Jones, M.; Fennessey, C. M.; DiChristina, T. J.; Taillefert, M. 
,Taillefert, M.; Beckler, J. S.; Carey, E. A.; Burns, J. L.; Fennessey, C. M.; DiChristina, T.]. 
Although these species cannot be quantified as the Fe(III)-complexing organic ligands [Taillefert, 
M.; Bono, A. B.; Luther III, G. W. ] are unknown, they represent suitable proxies for microbial 
iron reduction [Beckler, J. S.; Kiriazis, N.; Stewart, F. J.; Rabouille, C.; Taillefert, M. ]. The 
detection of organic-Fe(III) complexes in the output fluids therefore provides an indication that 
iron-reducing conditions dominate. Additional analyses conducted in the outlet fluids include: (i) 
inorganic anions and organic acids by ion chromatography [Dionex. ]; (ii) H2O2 by horse radish 
peroxidase oxidation with ampliflu red as fluorescent indicator after stabilization in 100 mM 
diethylenetriaminepentaacetic acid (DTPA) to inhibit iron redox reactions [Dias, D. M. C.; 
Copeland, J. M.; Milliken, C. L.; Shi, X.; Ferry, J. L.; Shaw, T. J. ,Zhang, T.; Hansel, C. M.; 
Voelker, B. M.; Lamborg, C. H. ]; and (iii) dioxane by HPLC [Scalia, S. ,Park, Y.-M.; Pyo, H.; 
Park, S.-J.; Park, S.-K. ]. Solid phase analysis of the porous medium was obtained as a function of 
distance in the FTC at the end of the experiments using sequential chemical extraction techniques 
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[Kostka, J. E.; Luther III, G. W. ,Poulton, S. W.; Canfield, D. E. ] to determine whether secondary 
minerals precipitated during the incubations.  

 
Figure 1. Flow-through column design and experiments. Cylindrical FTCs include inlet and outlet 
chambers designed to supply and collect medium as a front across the entire section of the reactor that are 
separated from the porous medium by screens and 0.45 mm pore size membranes. The geochemistry of the 
outlet stream is monitored over time with a voltammetric microelectrode in a flow cell positioned in line as 
well as via chemical analyses after collection with a fraction collector. 

 FTC experiments consisted of incubating Shewanella oneidensis strain MR-1 pre-
immobilized homogeneously on iron oxide-coated sand across the entire reactors, running minimal 
media amended with reactants and Br- as chemical tracer through the reactors while simultaneously 
measuring the redox chemical composition of the outlet streams. Five type of experiments were 
conducted in at least duplicates: (i) FTCs fed with aerobic media were compared to FTCs fed with 
anaerobic media in otherwise identical conditions to determine whether alternating aerobic and 
anaerobic phases are required in flow-through systems; (ii) Inlet streams amended with different 
nutrient concentrations to investigate the role of nutrient on the microbial response; (iii) FTCs 
amended with different cell concentrations to investigate the effect of the initial cell concentrations 
on the process efficiency; (iv) Inlet streams amended with different electron donor concentrations 
to optimize reactor conditions; and (v) FTCs operated in different flow conditions to determine the 
effect of the residence time of the inlet fluids on the microbially-driven Fenton reaction. In each 
of these treatments, duplicate FTCs were compared to abiotic control columns containing the solid 
medium but no cells. In all these experiments, bromide was injected periodically to calculate 
transport parameters and evaluate any effect due to the potential precipitation of reduced minerals 
on the porosity of these columns. The concentrations of dissolved O2, Fe(II), H2O2, Br-, and electron 
donor respiration products were monitored over time at the output of the columns to follow the 
microbial reactions and the production of ROS. In addition, 1,4-dioxane and by-products of 1,4-
dioxane degradation were determined at the output of each reactor to examine the degradation of 
the contaminant. Finally, net rates of reaction were determined by fitting the evolution of the 



56 
 

concentration of each species in the outlet fluids as a function of time with a transient one-
dimensional reactive transport equation using a non-linear least square method [Beazley, M. J.; 
Webb, S. M.; Martinez, R. J.; Sobecky, P. A.; Taillefert, M. ,Carey, E. A.; Taillefert, M. ].  

 To investigate the role of orthophosphate in the microbially-driven Fenton process, batch 
reactor incubations with 108 cells mL-1 S. oneidensis were conducted in duplicates in sealed serum 
bottles along with cell-unamended abiotic controls. A minimum medium with 20 mM lactate as 
electron donor and 10 mM ferrihydrite as electron acceptor was used in a M1 medium amended 
with 20 mM PIPES to maintain the pH around 7. Three different orthophosphate concentrations 
(50 µM, 1 mM, 9 mM) were used in the M1 medium to investigate the effect of phosphate on the 
microbially-driven Fenton reaction. For each incubation, the cell culture was allowed to reduce 
Fe(III) to a certain level under sealed conditions, and then was sparged with compressed air for 24 
or 3 hours. The sealed and aerated periods were repeated several times thereafter referred to as 
redox cycles. Incubations were carried in two parallel yet identical cultures, and error bars indicate 
range of error between incubations. 

 At specific time-points about 2 mL samples of the uniformly suspended mixtures were 
removed and split in three aliquots, including 0.2 mL that was dissolved in 5 N HCl for total Fe(II) 
measurements [Taillefert, M., Beckler, J.S., Carey, E.A., Burns, J.L., Fennessey, C.M. and Di], 
0.8 mL for immediate aqueous and mild-acid extractable (sorbed) Fe(II) measurements [Xiao, W., 
Jones, A.M., Collins, R.N., Bligh, M.W. and Waite, D.T. ], and 1 ml immediately filtered with 
0.22 µm MCE membrane filters (MF-MilliporeTM) for peroxide measurements using the same 
procedure as that of the FTC experiments. The samples collected for aqueous and mild-acid 
extractable (sorbed) Fe(II) were then micro-centrifuged (10,000 rpm, 60 s), and the aqueous Fe(II) 
content of the supernatant measured using the Ferrozine method [Stookey, L.L. ]. The supernatant 
was then removed, 0.8 mL of 5 mM HCl added to the remaining solid sample, equilibrated for 30 
s under agitation, and then micro-centrifuged as before to quantify mild acid-extractable (sorbed) 
Fe(II) in the supernatant by the Ferrozine method [Xiao, W., Jones, A.M., Collins, R.N., Bligh, 
M.W. and Waite, D.T. ]. Structural Fe(II) was calculated by difference of total Fe(II) and the sum 
of aqueous and sorbed Fe(II). Concentration of hydroxyl radical was measured by the scavenger 
sodium benzoate (10 mM). The product of the reaction between benzoate and, p-HBA (p-
hydroxybenzoic acid), was measured to estimate cumulative concentration with a conversion 
factor of 5.87 [Zhou, X.L. and Mopper, K. ]. Concentrations of small organic acids concentrations 
(lactate, acetate and formate) were analyzed by ion chromatograph (IC) (Dionex DX-300 Series 
with CDM II conductivity detector) with a Dionex IonPac ICE-AS1 ion exclusion chromatography 
column and AMMS ICE II suppressor at a flow rate of 1.0 mL/min using 0.8 mM 
heptafluorobutyric acid as eluent and 5 mM tetrabutylammonium hydroxide as regenerant. 
Concentration of dissolved inorganic carbon (DIC) were analyzed by flow injection analysis (FIA) 
with conductivity detection [Hall, P.O.J. and Aller, R.C. ] using a computer-operated Analytical 
Instruments Systems, Inc. (AIS, Inc) LCC100 integrator. At the end of the incubations, the reactors 
were sacrificed to collect the iron oxides through filtration, and the iron oxides were washed three 
times with medium and stored in air-tight container with oxygen scavenger until analyses. The 
crystalline phase of iron oxides after 2 cycles and 4 cycles was characterized by powder X-ray 
diffraction using a Panalytical Empyrean diffractometer with monochromatic Cu-Kα radiation (λ 
= 0.15406 nm).  
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4D. Results and Discussion. Flow-Through Column Experiments. To sustain the microbially-
driven Fenton reaction in the field for bioremediation efforts, it is imperative to determine whether 
redox conditions have to be oscillated over time. Dissolved oxygen measured at the output of the 
FTCs operated under different redox regime (oxic via aerated input solutions, anaerobic via 
degassed input solutions) demonstrated that the columns are deprived of dissolved oxygen after 8 
days, even when fully aerated solutions are supplied to the solid medium (not shown). Dissolved 
Fe(II) concentrations as a function of time in the output fluids revealed that continuously aerated 
flow-through columns reduce ferrihydrite more efficiently than otherwise identical columns 
exposed to N2-degassed media (Figure 2a), suggesting either that cell growth is more efficient in 
the aerated flow-through columns and/or that solid phase transformations sequester Fe(II) in the 
degassed columns. Although the microbial production of H2O2 was, as expected, higher in the 
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aerated columns (Figure 2b) the net production of acetate was similar in both conditions (Figure 
2c).  

 

 

Figure 2. Variation in concentration of: a) dissolved Fe(II); b) H2O2; and c) Acetate as a function 
of time in the outlet fluids of FTCs either continuously amended with fully oxygenated (red) or 
deaerated (blue) medium in otherwise identical conditions relative to the abiotic control FTC. 
Cell concentrations: 108 cells ml-1; Medium: M1 amended with 5 mM Lactate as electron donor 
and 50 µM ΣPO4

3- as nutrient at pH 7.0. 
 

As acetate is used as electron donor by S. oneidensis in aerobic conditions only [Tang, Y.J.; 
Hwang, J.S.; Wemmer, D.E.; Keasling, J.D. ,Pinchuk, G.E.; Geydebrekht, O.V.; Hill, E.A.; Reed, 
J.L.; Konopka, A.E.; Beliaev, A.], cell growth was likely more significant in the continuously 
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aerated flow-through columns. The different tracer injections revealed that the average porosity of 
the aerobic flow-through column changed over time (not shown), likely due to the precipitation of 
minerals, whereas breakthrough curves indicated that the precipitation of minerals was not 
significant in the anaerobic FTCs relative to the abiotic control column (not shown). Depending 
on the geochemical conditions, siderite or magnetite are well known by-product minerals from the 
microbial reduction of Fe(III) oxides by S. oneidensis [Zachara, J. M.; Kukkadapu, R. K.; 
Fredrickson, J. K.; Gorby, Y. A.; Smith, S. C. Bi-Hansel, C. M.; Benner, S. G.; Fendorf, S. ]. The 
decrease in porosity of the solid medium and the higher production of Fe(II) at the output of the 
fully aerated flow-through columns therefore indicate that the reduction of the Fe(III) oxides was 
more efficient than in the anaerobic column. The surprisingly lower iron-reducing activity of the 
fully anaerobic column may be due to the generally lower growth- and ATP-yield of S. oneidensis 
under iron-reducing conditions compared to aerobic conditions [Roden, E.E.; Jin, Q.S. ,Jin, Q.S. ] 
and the additional energy generated by the aerobic respiration of acetate. Overall, these findings 
indicate that the microbially-driven Fenton reaction can be sustained for at least a month long in 
FTCs and that alternative oxic and anoxic conditions are not necessary to promote the microbially-
driven Fenton reaction, likely because a permanent redox gradient is established across the 
sediment column that promotes interaction of Fe(II) with H2O2. The intense reduction of Fe(III) 
oxides is also evident in the solid phase after the experiments, as the secondary mineralization of 
ferrihydrite to goethite [Zachara, J. M.; Kukkadapu, R. K.; Fredrickson, J. K.; Gorby, Y. A.; Smith, 
S. C. Bi,Hansel, C. M.; Benner, S. G.; Fendorf, S. ] was promoted by the release of Fe(II) and the 
composition of the minimal medium (Figure 3). In fact, the secondary mineralization of 
ferrihydrite in the aerobic FTCs was almost as significant as that of the anaerobic FTCs. 

 
Figure 3. Speciation of Fe(III) oxides as a function of distance in the FTC reactors at the end of the 
experiment relative to the initial ferrihydrite material in: A) the degassed and B) fully aerated FTCs. Cell 
concentrations: 108 cells ml-1; Medium: M1 amended with 5 mM Lactate as electron donor and 50 mM 
SPO43- as nutrient at pH 7.0; Flow Rate: 20 ml hr-1. 
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 The experimental conditions were then varied to optimize the microbially-driven Fenton 
process. First, the concentration of inorganic phosphate in the input medium was decreased from 
9 mM in the original medium of batch incubations [Taillefert, M.; Beckler, J. S.; Carey, E. A.; 
Burns, J. L.; Fennessey, C. M.; DiChristina, T.,Jones, M.; Fennessey, C.M.; DiChristina, T.J.; 
Taillefert, M. ] to 20 μM in FTC experiments to avoid potential interference of phosphate sorption 
onto ferrihydrite which could limit its dissolution [Stumm, W. Reactivity at the mineral-water 
interface: dissolution and inhibition. ]. Net rates of Fe(II), H2O2, and acetate production at the 
output of the FTCs indicated that the concentration of inorganic phosphate in the input medium 
had to be raised to at least 50 μM to facilitate growth of S. oneidensis (Figure 3). Net rates of 
Fe(II), H2O2, and acetate production were similar in subsequent column experiments employing 
50 μM inorganic phosphate in the medium, confirming the good reproducibility of our 
experimental setup. Second, a set of parallel FTC experiments was conducted to examine the effect 
of electron donor concentration on net rates of Fe(II) and H2O2 production. Net rates of Fe(II) and 
H2O2 production decreased significantly when lactate concentration in the inlet medium was 
decreased from 5 to 1 mM, but net rates of acetate production remained similar (Figure 4b).   
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Figure 4. Effect of: a) phosphate and b) lactate concentrations in the medium on the net rate of: Fe(II), 
H2O2, and acetate production at the output of the FTCs. These experiments demonstrate that a minimum 
concentration of 50 µM orthophosphate is required to maintain growth of S. oneidensis in the FTCs. Cell 
concentrations: 108 cells ml-1; Medium: M1 amended with: a) 5 mM Lactate as electron donor and b) 50 
µM ΣPO34- at pH 7.0. 

These findings suggest that a constant supply of 5 mM was enough to sustain microbial growth 
and that acetate consumption was actually enhanced in aerobic conditions at high lactate 
concentration, likely as a result of the significant increase in cell concentrations. Finally, the flow 
rate of the input solution into the FTCs was changed to examine its impact on microbially-driven 
Fenton reaction. Surprisingly, the net rate of both dissolved Fe(II) and H2O2 production increased 
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proportionally to the flow rate (Figure 5). Although net rate of H2O2 production was anticipated to 
increase as a function of the flow rate, due to the higher injection rate of dissolved oxygen in the 
reactors, it was expected that the net rate of Fe(II) production would decrease as a result of the 
simultaneous increase in Fe(II) oxidation rate and decrease in Fe(III) reduction rate in the reactors. 
These findings are surprising but the increase production of Fe(II) at higher flow rate may be due 
to the increase in biomass production as a result of the enhanced supply of dissolved oxygen which 
could also promote Fe(III) reduction near the output of the FTCs, where dissolved oxygen is 
depleted. Alternately, these findings could be explained by an increased rate of Fe(II) carbonate 
precipitation in the reactors as the flow rate decreases as a result of the overall higher metabolic 
activity of S. oneidensis at low flow rate. Indeed, a higher residence time of the pore waters may 
result in complete depletion of dissolved oxygen and higher rates of anaerobic Fe(III) respiration 
which both enhance carbonate and Fe(II) production, possibly above the saturation state of the 
solution with respect to siderite [Zachara, J. M.; Kukkadapu, R. K.; Fredrickson, J. K.; Gorby, Y. 
A.; Smith, S. C. Bi].  

 
Figure 5. Effect of the flow rate on the net rate of: a) Fe(II) and b) H2O2 production during FTC 
experiments conducted with ferrihydrite-coated sand amended with S. oneidesnsis for 30 days in otherwise 
identical conditions. Cell concentrations: 108 cell ml-1; Medium M1 amended with 5 mM lactate as electron 
donor and 50 µM ΣPO43- as nutrient at pH 7.0. ND means not determined. 
 

 The same FTCs loaded with ferrihydrite-coated sand and S. oneidensis were exposed to the 
contaminant 1,4-dioxane for about six weeks under fully aerated conditions to determine whether 
the generation of ROS in these conditions was able to promote the degradation of 1,4-dioxane. 
Two columns were continuously injected either with aerated or deaerated medium while 1,4-
dioxane was added and removed twice from the input solution to simultaneously determine the 
effect of 1,4-dioxane on ROS production (Figure 6). Breakthrough curve of 1,4-dioxane revealed 
that a small fraction of 1,4-dioxane injected into the FTCs was removed from the input solutions, 
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likely via reaction with ROS species as the fraction removed was much higher in the fully aerated 
flow-through column compared to the degassed and abiotic control columns. Overall, these 
findings provide strong evidence for the microbial-driven Fenton reaction in flow-through 
systems, although the reaction may not be as efficient as originally achieved in batch reactors 
[Sekar, R.; DiChristina, T. J. ,Sekar, R.; Taillefert, M.; DiChristina, T. J. ]. These findings suggest 
either that growth rates in the FTCs have to be optimized by altering nutrient (i.e., orthophosphate) 
concentrations or that Fe(III) oxyhydroxides are not as efficient as soluble Fe(III) substrates in 
promoting the microbially-driven Fenton reaction, possibly as a result of secondary mineralization 
processes that may deplete reactive Fe(III) from the system. These potential issues were 
investigated in batch reactor incubations. 

 
Figure 6. a) Breakthrough curve of 1,4-dioxane in biotic aerated and biotic degassed FTCs compared to 
the abiotic control. b) Resulting consumption of 1,4-dioxane relative to the abiotic control. The 
breakthrough curve of 1,4-dioxane is the most delayed for the biotic aerated column, followed by the biotic-
degassed column relative to the abiotic control. These results indicate that 1,4-dioxane is partly degraded 
in the columns. However, the degradation efficiency is not optimum. 

 

 Role of Orthophosphate in the Microbially-Driven Fenton Reaction. The microbially-
driven Fenton reaction and subsequent degradation of 1,4-dioxane was examined in batch 
experiments with iron oxyhydroxide as Fe(III) substrate and different orthophosphate 
concentrations to: (i) determine the role of inorganic phosphate in the microbially-driven Fenton 
process as phosphate is needed in the medium and generally low in subsurface environments; (ii) 
examine the importance of secondary mineralization in the microbially-driven Fenton process; and 
(iii) optimize the experimental conditions to maximize production of ROS and production of 
Fe(II). 

 Redox oscillations in the batch reactors were achieved by alternating between sealed and 
air-sparging periods during the course of the experiments (Figure 7). During the first sealed period 
(shown by the gray area), bacteria almost immediately consumed dissolved oxygen from the 
reactors and started to use ferrihydrite as terminal electron acceptor. Total Fe(II) production was 
similar during the first sealed period regardless of phosphate concentrations (Figure 7a), indicating 
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that inhibition of iron reduction by phosphate adsorption [Stumm, W. Reactivity at the mineral-
water interface: dissolution and inhibition. ] was not significant. In turn, the production rate of 
dissolved Fe(II) decreased proportionally to the orthophosphate concentrations (Figure 7b), and 
most Fe(II) was present in the form of mild acid-extractable (sorbed) (Figure 7c) or structural 
(Figure 7d) Fe(II). The lack of dissolved Fe(II) resulted from the formation of ferrous phosphate 
precipitates observed by x-ray diffraction (XRD) (not shown) and common in anaerobic 
incubations of Shewanella oneidensis MR1 [Borch, T.; Fendorf, S. Phosphate Interactions with 
Iron (Hydr)oxides: Mineralization Pa,Zachara, J. M.; Kukkadapu, R. K.; Fredrickson, J. K.; Gorby, 
Y. A.; Smith, S. C. Bi]. During the air-sparging phase, aqueous Fe(II) in all treatments was rapidly 
removed from solution (Figure 7b), likely by oxidation. Simultaneously, mild acid-extractable 
(sorbed) Fe(II) in the 9 mM orthophosphate incubations was oxidized at a slower rate compared 
to mild acid-extractable (sorbed) Fe(II) in the other two phosphate treatments (Figure 7c), further 
suggesting that ferrous phosphate precipitates, instead of sorbed ferrous ion, dominated the mild 
acid-extractable Fe(II) fraction in the 9 mM treatment. At the end of the aerated phase, structural 
Fe(II) was fully oxidized in the 50 µM and 1 mM orthophosphate treatments (Figure 7d), whereas 
structural Fe(II) in the 9 mM orthophosphate treatment remained at a similar levels according to 
the resistance of ferrous phosphate precipitates to oxidation under oxic conditions [Nriagu, J. O. 
Stability of vivianite and ion-pair formation in the system Fe]. 
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Figure 7. Iron speciation: (a) Total Fe(II), (b) soluble Fe(II), (c) sorbed Fe(II), and (d) structural Fe(II); and 
carbon transformation: (e) lactate, (f) acetate, and (g) dissolved inorganic carbon (DIC) by S. oneidensis as 
a function of time during redox cycles in M1 medium amended with lactate, ferrihydrite, and different 
orthophosphate concentrations (black squares, 50 µM; red circles, 1 mM; blue triangles, 9 mM) relative to 
an abiotic control (green triangles). White areas correspond to the sealed periods, while blue shaded areas 
correspond to aerated periods. Concentrations and their error bars represent the average and standard 
deviations between duplicate incubations. 

  During the second sealed period, net total Fe(II) production decreased in all 
orthophosphate treatments, and iron reduction was even negligible during the third sealed period 
(Figure 7a), likely due to the lack of electron donor at that point of the incubations. Considering 
the similar acetate production during the different sealed periods (Figure 7f), the slower Fe(II) 
production rates were likely due to the lag phase required to switch metabolic process from aerobic 
respiration to anaerobic respiration of Fe(III). Interestingly, limited Fe(II) production was observed 
in the 9 mM orthophosphate treatment during the second seal period (Figure 7a). Newly produced 
Fe(II) mostly consisted of mild-acid extractable (sorbed) Fe(II) while structural Fe(II) remained 
mostly at the same level throughout the different cycles. Limited carbon sources could explain the 
limited Fe(II) production in the highest orthophosphate amendment.  



66 
 

 Lactate was removed almost completely after two days (Figure 7e), while neither acetate 
(Figure 7f), formate (below detection limit), nor DIC (Figure 7g) were produced 
stoichiometrically. These findings indicate that Shewanella accumulated lactate before 
metabolizing it. Following this period, acetate was produced at rates inversely proportional to the 
orthophosphate concentration in the medium (Figure 7f), while DIC production rates increased 
proportionally to orthophosphate concentrations (Figure 7g). The TCA cycle represents the main 
pathway for oxygen consumption and biomass production in Shewanella, and acetate is completely 
mineralized during this process. In the absence or limited presence of oxygen, however, the TCA 
cycle is inhibited or truncated, and the intermediate acetyl-CoA is converted to acetate, the primary 
end-product of carbon catabolism during anaerobic growth of S. oneidensis [Tang, Y.J.; Hwang, 
J.S.; Wemmer, D.E.; Keasling, J.D. ,Rom]. In such conditions, acetate tends to accumulate given 
the strong preference of S. oneidensis for lactate but may be used when other carbon sources are 
depleted [Tang, Y.J.; Hwang, J.S.; Wemmer, D.E.; Keasling, J.D. ]. The decrease in net acetate 
production and increase in DIC production as orthophosphate increased in the incubations 
therefore indicates that phosphate stimulated respiration in S. oneidensis MR-1 and that the lack 
of lactate forced the cells to respire on acetate, even in anaerobic conditions. The constant 
production of acetate under both the first aerated and second sealed periods (Figure 7f) in the 50 
µM and 1 mM phosphate incubations confirm the lactate preference of S. oneidensis MR-1 and 
suggests similar aerobic and anaerobic respiration rates. The removal of acetate after day 4 in the 
1 mM and 9 mM phosphate incubations and after day 6 in the 50 μM phosphate incubations 
confirm respiration of acetate as a result of the lack of lactate in the incubations. The simultaneous 
removal of DIC during that time period suggests precipitation of ferrous iron carbonates was 
significant during the incubations. Overall, higher orthophosphate concentrations in the medium 
increased respiration rates and likely promoted cell growth. The rapid consumption of lactate 
explains why iron reduction was not sustained during the third sealed period (Figure 7a), and 
subsequent experiments demonstrated that addition of lactate after the third redox oscillation was 
able to sustain the microbially-driven Fenton process (not shown). 

 Redox oscillations were also accompanied by a color change of the iron oxide suspensions 
(Figure 8). At the end of the first sealed period, the suspensions with 50 μM and 1 mM 
orthophosphate were black (Figure 8a), while the suspension with 9 mM orthophosphate displayed 
a lighter orange color (Figure 8g) compared to the bright orange ferrihydrite in the abiotic controls 
(Figure 8c,f,i). After air-sparging, however, the 50 μM and 1 mM orthophosphate suspensions 
became orange (Figure 8b,e) while the 9 mM orthophosphate suspension changed to a greenish 
brown color (Figure 8h). The color change of the iron oxides might be used as an indicator for the 
redox states of the reactors in large scale applications.  



67 
 

 
Figure 8. Color of the suspensions at the end of the first redox cycle during the microbially-driven Fenton 
reaction conducted with S. oneidensis in M1 medium amended with lactate, ferrihydrite, and: (a, b) 50 µM; 
(d, e) 1 mM; and (g, h) 9 mM orthophosphate relative to otherwise identical incubations amended with: (c) 
50 µM; (f) 1 mM; and (i) 9mM orthophosphate without lactate to investigate the effect of microbial 
processes on the secondary mineralization of Fe(III) oxides. 

Orthophosphate plays an important role in secondary mineral formation as phosphate 
adsorption stabilizes iron oxides [Hansel, C. M.; Benner, S. G.; Fendorf, S. ]. Despite turning black 
at the end of the sealed periods, XRD analysis of the suspensions demonstrated that the solid phase 
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remained poorly crystallized after the first redox cycle in the 50 µM and 1 mM orthophosphate 
treatments (not shown). After two complete sealed-aerated cycles, the iron oxides in the 50 µM 
and 1 mM orthophosphate treatments remained relatively poorly crystallized (Figure 9a,b), while 
vivianite ((Fe3(PO4)2•nH2O) was detected in the 9 mM orthophosphate treatment (Figure 9c), likely 
because the vivianite solubility product was exceeded as a result of the respiration of Fe(III) oxides 
(Figure 7). After 4 complete redox cycles, iron oxides in the 1 mM orthophosphate medium 
remained poorly-crystallized (Figure 9b), whereas the 50 µM orthophosphate medium showed 
formation of goethite as secondary mineral (Figure 9a) and the 9 mM orthophosphate medium 
vivianite mainly (Figure 9c). The formation of vivianite is consistent with the observed color 
change of the suspension during the sealed-aerated cycles. The color of vivianite from white to 
colorless was previously observed under reducing conditions, while partially oxidized vivianite 
after air exposure changed to a blue color [Alborno, A.; Tomson, M.B.]. The color difference of 
the suspension between sealed and aerated periods suggest fresh vivianite was partially-oxidized 
by dissolved oxygen and the bacteria reduced the partially-oxidized vivianite during the sealed 
period. Vivianite oxidation proceeds slowly at room temperature and is stabilized by Fe(III) 
concentrations as high as 50% total Fe. Above 50% Fe(III), however, vivianite alters to 
metavivianite which is distinguished from vivianite by its X-ray diffraction spectrum [Rothe et al. 
2016; Rouzies et al. 1993; Rothe et al. 2014]. In this study, blue oxidized vivianite remained stable 
at each redox cycle in the 9 mM orthophosphate treatment and less than 20% of total Fe(II) was 
oxidized during the aerated period. These conditions may therefore slow down the redox 
oscillation of Fe(III)/Fe(II) and affect the sustainability of the microbially-driven Fenton reaction 
compared to the low orthophosphate amendments which result in formation of goethite as 
secondary mineral. Adding lactate into the cell suspension with 9 mM orthophosphate to resume 
redox cycles produced more Fe(II) (Figure 7) and promoted ferrous phosphate precipitation with 
eventual consequences on the microbially-driven Fenton process. Overall, 1 mM orthophosphate 
may represent the best condition of the three orthophosphate concentrations used for the 
sustainability of the microbially-driven Fenton reaction for several redox cycles, as orthophosphate 
stabilizes the surface of iron oxides and keeps it poorly crystallized [Cornell, R.M.; Giovanoli, R. 
]. 
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Figure 9. Secondary mineralization during the microbially-driven Fenton reaction. X-ray diffraction 
patterns of the solid phase from S. oneidensis incubations in M1 medium amended with lactate, ferrihydrite, 
and three different orthophosphate concentrations: (a) 50 µM; (b) 1 mM; and (c) 9 mM after exposure to 
different redox cycles compared to before the incubation. G and V represent goethite and vivianite 
identified using solid phase standards. 

Hydrogen peroxide (H2O2) was produced during the first two sealed periods and was removed 
during the air-sparging periods (Figure 10). In addition, H2O2 concentrations produced (Figure 10) 
and rates of H2O2 production obtained during various redox cycle experiments (Figure 11b) were 
always the highest in the 1 mM orthophosphate treatment, suggesting that this treatment has the 
highest capacity to generate the Fenton reaction for the degradation of organic contaminants. No 
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net H2O2 production was observed during the third sealed period, however, likely due the low 
metabolic activity as a result of the depletion of electron donor. In general, H2O2 is generated 
extracellularly as intermediate during the biological reduction of dissolved oxygen [Messner, K.R.; 
Imlay, J.A. ] or is produced by chemical oxidation of Fe(II) by dissolved oxygen [Rush, J.D.; 
Bielski, B.H.J. ]. 

 
Figure 10. Hydrogen peroxides (H2O2) concentrations produced by S. oneidensis as a function of time 
during redox cycles in M1 medium amended with lactate, ferrihydrite, and different orthophosphate 
concentrations (black squares, 50 µM; red circles, 1 mM; blue triangles, 9 mM) relative to an abiotic control 
(green triangles). White areas correspond to the sealed periods, while blue shaded areas correspond to 
aerated periods. Concentrations and their error bars represent the average and standard deviations between 
duplicate incubations. 

 Separate abiotic experiments (not shown) demonstrated that abiotic Fe(II) oxidation is not 
able to generate enough H2O2 under similar conditions as the incubations conducted in this study, 
suggesting that microbial production represents the main H2O2 generation pathway during the 
microbially-driven Fenton reaction [Sekar, R.; DiChristina, T. J. ]. The low H2O2 concentrations 
detected during the air-sparging periods relative to the sealed periods may be explained by the 
expression of catalases or peroxidases to cope with oxidative stress as a result of the sudden redox 
changes experienced in these experiments [Mishra, S.; Imlay, J.A. ,Li, N.; Luo, Q.X.; Jiang, Y.M.; 
Wu, G.F.; Gao, H.C. ]. In turn, the overall increase in net H2O2 production rates during the sealed 
phase of the second redox cycle that was reproduced in subsequent incubations (not shown) cannot 
be attributed to the incomplete microbial respiration of dissolved oxygen as dissolved oxygen was 
likely depleted during this phase dominated by iron reduction. This behavior is supported by the 
rebound in iron reduction and net H2O2 production rates by lactate addition before a fourth redox 
cycle conducted in replicate incubations after repletion of lactate (Figure 11). These findings 
suggest that an alternative mechanism is responsible for the production of H2O2 in anaerobic 
conditions. 
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Figure 11. Net production rates of: (a) Total Fe(II) and (b) H2O2 by S. oneidensis during up to four redox 
cycles in M1 medium amended with lactate, ferrihydrite, and different orthophosphate concentrations 
(black bars, 50 µM; red bars, 1 mM; blue bars, 9 mM). Error bars represent the standard deviations of the 
average rates of duplicate incubations. 

 Mechanism of ROS Production in the Microbially-Driven Fenton Reaction. H2O2 is one of 
the metabolic by-products of cellular oxygen respiration and is mostly produced intracellularly 
through accidental auto-oxidation of non-respiratory flavoproteins and the turnover of committed 
oxidases or directly generated at the cell surface by amino acid oxidases during metabolism of 
exogenous organic nitrogen sources [Imlay, J.A. -Gu, C.; Wang, J.; Guo, M.F.; Sui, M.; Lu, H.; 
Liu, G.F. ]. Once produced, intracellular H2O2 may diffuse across the outer membrane into the 
medium [Imlay, J.A. ]. Hydrogen peroxide, however, was not detected (detection limit 0.2 μM, 
data not shown) in the S. oneidensis cell suspension (108 cells/mL) with the modified medium 
under aerobic conditions in this study (Fe species removed), suggesting that bacterial production 
of H2O2 was not significant. Alternately, H2O2 is readily produced abiotically by reduction of 
superoxide by reductants such as Fe(II) (Eq. 1) [Rose, A.L.; Waite, D.T. ,Burns, J.M.; Craig, P.S.; 
Shaw, T.J.; Ferry, J.L. ]. 

𝑂𝑂2∙− + 𝐹𝐹𝑒𝑒2+ + 𝐻𝐻+ → 𝐻𝐻2𝑂𝑂2 + 𝐹𝐹𝑒𝑒3+        (1) 
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In turn, production of extracellular superoxide is widespread under aerobic conditions in 
heterotrophic bacteria, including S. oneidensis [Han, R.X.; Lv, J.T.; Huang, Z.Q.; Zhang, S.H.; 
Zhang, S.Z. ], and likely catalyzed by cell surface NAD(P)H oxidoreductases [Diaz, J.M.; Hansel, 
C.M.; Voelker, B.M.; Mendes, C.M.; Andeer, P.F.; Zhang, T. ]. In addition, superoxide may also 
be produced during the abiotic oxidation of Fe(II) by dissolved O2 (Eq. 2) [Rose, A.L.; Waite, D.T. 
,Burns, J.M.; Craig, P.S.; Shaw, T.J.; Ferry, J.L. ]. 

𝑂𝑂2 + 𝐹𝐹𝑒𝑒2+ ↔ 𝑂𝑂2∙− + 𝐹𝐹𝑒𝑒3+        (2) 

Thus, the lack of H2O2 production in aerobic S. oneidensis cultures and the formation of high H2O2 
concentrations at the end of the seal periods suggest that the oxidation of Fe(II) by superoxide (Eq. 
1) may represent a significant source of H2O2 during the microbially-driven Fenton reactions. A 
similar metastable Fe(II), O2, superoxide, and H2O2 mixture was reported in sediment pore waters 
where positive correlation between Fe(II) and H2O2 suggested abiotic ROS production [Dias, D. 
M. C.; Copeland, J. M.; Milliken, C. L.; Shi, X.; Ferry, J. L.; Shaw, T. J. ].  

 Despite extensive studies in the past few decades, the detailed mechanism of the Fenton 
reaction is not fully understood. In particular, the identity of the active intermediate has long been 
debated [Bataineh, H.; Pestovsky, O.; Bakac, A. ]. There are two generally accepted mechanisms, 
including the Harber-Weiss mechanism in which hydroxyl radicals are produced via the one-
electron reduction of H2O2 by ferrous iron (Eq. 3) [Barb, W.G.; Baxendale, J.H.; George, P.; 
Hargrave, K.R. ]. 

𝐹𝐹𝑒𝑒2+ + 𝐻𝐻2𝑂𝑂2 → 𝐻𝐻𝑂𝑂 ∙ +𝐹𝐹𝑒𝑒3+ + 𝑂𝑂𝐻𝐻−     (3) 

 The hydroxyl radical is a strong oxidant with a high reduction potential (E0 = +2.59 V 
[Remucal, C.K.; Sedlak, D.L. ]) that is able to react at near-diffusion controlled rate with various 
reduced species to terminate ROS regeneration [Neyens, E.; Baeyens, J.A. ] and potentially cause 
cell damage to S. oneidensis [Ghosal, D.; Omelchenko, M.V.; Gaidamakova, E.K.; Matrosova, 
K.S.; Wackett, L.P.; Fr]. The sustainability of the microbially-driven Fenton reaction, therefore, 
suggests the involvement of a non-radical pathway such as the two-electron transfer reduction of 
H2O2 by Fe(II) accompanied by the formation of the high-valent ferryl(IV)-oxo intermediate (Eq. 
4) which eventually is reduced back to Fe(II) by H2O2 (Eq. 5) [Bataineh, H.; Pestovsky, O.; Bakac, 
A. ,Bray, W.C.; Gorin, M.H. ,Kremer, M.L. ]. The net reaction in these pathways involves the 
conversion of H2O2 into H2O and O2 by cycling iron between Fe(II) and Fe(IV) without the 
production of hydroxyl radical. The ferryl-oxo intermediate may alternately hydrolyze and 
produce hydroxyl radical (Eq. 6) which makes that pathway equivalent to the Harber-Weiss 
mechanism (Eq. 3). 

𝐹𝐹𝑒𝑒2+ + 𝐻𝐻2𝑂𝑂2 → [𝐹𝐹𝑒𝑒𝐼𝐼𝐼𝐼𝑂𝑂]2+ + 𝐻𝐻2𝑂𝑂      (4) 

[𝐹𝐹𝑒𝑒𝐼𝐼𝐼𝐼𝑂𝑂]2+ + 𝐻𝐻2𝑂𝑂2 → 𝐹𝐹𝑒𝑒2+ + 𝑂𝑂2        (5) 

[𝐹𝐹𝑒𝑒𝐼𝐼𝐼𝐼𝑂𝑂]2+ + 𝐻𝐻2𝑂𝑂 → 𝐻𝐻𝑂𝑂 ∙ +𝐹𝐹𝑒𝑒3+ + 𝑂𝑂𝐻𝐻−        (6) 

 In general, the ferryl iron ion is a weaker and more selective oxidant (E0 = +1.80 V 
[Dunford, H.B. ,He, J.; Yang, X.F.; Men, B.; Wang, D.S. ]) that has a longer lifetime (~0.35 s) in 
solution compared to the hydroxyl radical (half-life of a few nanoseconds [Bacic, G.; Mojovic, M. 
]). The Fenton-produced ferryl(IV)-oxo intermediate was identified in a non-complexing buffer at 
near-neutral pH [Bataineh, H.; Pestovsky, O.; Bakac, A. ,Pham, A.L.T.; Lee, C.; Doyle, F.M.; 
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Sedlak, D.L. -Keenan, C.R.; Sedlak, D.L. ], whereas the hydroxyl radical was the main 
intermediate in a phosphate buffer [Bataineh, H.; Pestovsky, O.; Bakac, A. ]. Indeed, abiotic 
control incubations with Fe(II) and H2O2 in a 9 mM orthophosphate medium showed much higher 
hydroxyl radical production efficiency than identical experiments in a 50 M and 1 mM 
orthophosphate medium (Figure 12). These data imply the formation of the non-radical 
intermediate may be responsible for the higher H2O2 accumulation rates in the low orthophosphate 
amendments (Figure 11b). In addition, the lower H2O2 production rates in the 50 μM than 1 mM 
orthophosphate incubations may be explained by differences in cell growth, as evidenced by the 
production of acetate and DIC (Figure 7). Overall, these findings suggest that the phosphate ligand 
environment drives the Fenton reaction into different pathways, resulting either in the production 
of hydroxyl radicals or catalytic decomposition to O2 that may further catalyze the formation of 
H2O2 under anaerobic conditions via reduction of O2 to superoxide intermediate. 
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Figure 12. Hydroxyl radical production efficiency (µM ∙ 𝑂𝑂𝐻𝐻/mM Fe(II) oxidized) of the abiotic Fenton 
reaction in the presence of different orthophosphate concentrations. Error bars represent the standard 
deviations between triplicate experiments. 

 The iron-catalyzed ROS cryptic cycle that is proposed to take place in the microbially-
driven Fenton process is provided in Figure 13. In the beginning of the sealed period, high O2 and 
low Fe(II) concentrations may lead to the direct microbial production of superoxide. As O2 
becomes depleted, cells switch to Fe(III) reduction which produces Fe(II) that may successively 
react with superoxide to generate H2O2 (Eq. 1), thus resulting in an overall positive correlation 
between soluble Fe(II) and H2O2 (R2 = 0.460 and R2 = 0.642 in the 50 µM and 1 mM orthophosphate 
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media, data not shown). It is likely that progressively increasing Fe(II) concentrations may favor 
the abiotic reduction of H2O2 to O2 with formation of the ferryl intermediate in the low 
orthophosphate media (Eq. 4 and Eq. 5) and formation of hydroxyl radical in the 9 mM 
orthophosphate medium (Eq. 3), generating an overall negative correlation between soluble Fe(II) 
and H2O2 concentrations in the low orthophosphate media (R2 = 0.617 and R2 = 0.623 in the 50 µM 
and 1 mM, data not shown) but not in the 9 mM orthophosphate medium (R2 = 0.055). The 
anaerobic generation of O2 in the low orthophosphate media may then promote a catalytic process 
that involves either the microbially- or abiotically-produced (Eq. 2) superoxide that enhances 
abiotic production of H2O2 by Fe(II) oxidation (Eq. 1)in a cryptic ROS cycle. Net accumulation of 
H2O2 during the sealed period indicates that the rate-limiting step in this process must be H2O2 
reduction (Eq. 3-5). When the electron donor is exhausted or the reactors are switched back to the 
aerated phase, Fe(III) reduction ceases and the cryptic ROS cycle eventually breaks down due to 
the lack of Fe(II) production.  

 
Figure 13. Proposed iron-catalyzed ROS cryptic cycling taking place during the microbially-driven Fenton 
reaction. Abiotic processes are in black, whereas biological processes are in blue. 
 

 Degradation of 1.4-Dioxane Using Ferrihydrite as Fe(II) Source. Although a small 
fraction (~10-12%) of 1,4-dioxane was removed during the air purging phase as revealed by the 
abiotic control, 1,4-dioxane concentrations were always lower in the Shewanella-amended 
reactors, regardless of the orthophosphate concentration in the medium (Figure 14). The 
concentration of 1,4-dioxane decreased overall by 16+/-1% in the 50 µM orthophosphate medium, 
22+/-3% in the 1 mM orthophosphate treatment, and 22+/-6% in the 9 mM orthophosphate 
incubations. These findings indicate that the microbially-driven Fenton reaction with Fe(III) 
oxyhydroxides as source of Fe(III) successfully degraded 1,4-dioxane and that the degradation 
process was more efficient above 1 mM orthophosphate medium concentration.  
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Figure 14. 1,4-dioxane degradation by S. oneidensis as a function of time during redox cycles in M1 
medium amended with different orthophosphate concentrations (black squares, 50 µM; red circles, 1 mM; 
blue triangles, 9 mM) relative to an abiotic control (green triangles). White areas correspond to the sealed 
periods, while blue shaded areas correspond to aerated periods. Concentrations and their error bars represent 
the average and standard deviations between duplicate incubations. 

 Besides the effect of phosphate on cell metabolism and the production of H2O2 by the cells, 
complexation of orthophosphate to Fe(II) in circumneutral conditions may facilitate the Fenton 
reaction and promote the generation of hydroxyl radicals [Bataineh, H.; Pestovsky, O.; Bakac, A. 
]. In fact, orthophosphate coordination to Fe(II) lowers the activation energy of the reaction with 
H2O2 and promotes the production of hydroxyl radical as opposed to the formation of the less 
reactive ferryl complex (Fe(IV)) without orthophosphate coordination. Compared to the 9 mM 
orthophosphate medium, the microbially-driven Fenton reaction with 1 mM orthophosphate 
degraded similar levels of 1,4-dioxane (22+/-3%) by the end of the incubations, but the rate of 2,4-
dioxane degradation was much lower during the first redox cycle and much higher during the 
second redox cycle, the period corresponding to the highest H2O2 production rates observed during 
the incubations (Figure 11b). Overall, the microbially-driven Fenton reaction with Fe(III) oxides 
in M1 medium containing 1 mM orthophosphate promotes bacterial growth, produces higher H2O2 
concentrations in solution, and degrades more 1,4-dioxane with a more sustainable redox cycling 
given the lack of secondary minerals formed in these conditions. In turn, these degradation rates 
are not as efficient as those achieved with ferric citrate as terminal electron acceptor [Sekar, R.; 
DiChristina, T. J. ,Sekar, R.; Taillefert, M.; DiChristina, T. J. ], suggesting that the stabilization of 
Fe(II) by organic ligands may help enhance the efficiency of the microbially-driven Fenton 
degradation of organic contaminants. 

 Role of Organic Ligands in the Microbially-Driven Fenton Reaction. Although the 
microbially-driven Fenton reaction can be sustained with ferrihydrite as iron substrate, 1,4-dioxane 
degradation rates were consistently much lower than with ferric citrate as iron source. To 
investigate the impact of the ligand citrate on Fe(III) reduction and 1,4-dioxane degradation, 
duplicate batch incubations of S. oneidensis with 10 mM Fe(III)-citrate or 2-line ferrihydrite were 
conducted in parallel and compared to an abiotic control in otherwise identical conditions. 
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Reactors were sealed until Fe(II) reached a certain level, then purged with air for 3 hours, and these 
processes were repeated four times. Although more Fe(II) was produced during the first 2 hours 
of the incubation with soluble citrate-Fe(III) than with ferrihydrite as terminal electron acceptor 
(Figure 15a), similar Fe(III) reduction rates were observed during the next three redox cycles. 
These findings suggest the formation of the same ferric oxyhydroxides phases in the Fe(III)-citrate 
incubations after the first reoxidation phase. Despite similar Fe(II) production rates, the 
degradation of 1,4-dioxane was significantly enhanced in the Fe(III)-citrate incubations compared 
to the ferrihydrite incubations (Figure 15b), with more than 36% 1,4-dioxane degraded by the 
microbially-driven Fenton reaction after four redox cycles. Organic ligands such as citrate affect 
the mechanism and kinetics of the Fenton reaction and enhances hydroxyl radical production [Illes, 
E.; Patra, S.G.; Marks, V.; Mizrahi, A.; Meyerstein, D. ,Zeng, B.; Zhang, P.; Zheng, M.; Xiao, N.; 
Han, J.; Wang, C.; Wang, Z.; Zhao, Z. ], which may explain the higher degradation rates of 1,4-
dioxane observed in these incubations. The stabilization of Fe(II) in solution by the organic ligand 
may also enhance the generation of hydroxyl radicals, but this has yet to be investigated. 

 
Figure 15. Total Fe(II) (A) and 1,4-dioxane (B) concentrations as a function of time during redox cycles 
in S. oneidensis incubations in M1 medium amended with different Fe(III) sources as terminal electron 
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acceptor (black squares, ferric citrate; red circles, 2-line ferrihydrite) compared to an abiotic control (blue 
triangles). Blue shaded areas correspond to three-hour long aerated periods, whereas white areas represent 
the sealed periods. Incubations were carried out in two parallel yet identical cultures, and error bars 
represent the standard deviation between the duplicate incubations. 

4E. Conclusions and Implications for Future Research. In this study, flow through column and 
batch reactor incubations were used to investigate whether iron oxyhydroxides could be used as 
terminal electron acceptor by Shewanella oneidensis MR-1 to produce Fe(II) that could be 
eventually exploited in the microbially-driven Fenton reaction to degrade organic contaminants. 
FTC experiments demonstrated that oscillations between aerobic and anaerobic conditions were 
not necessary to generate the microbially-driven Fenton reaction, likely because a redox gradient 
was established across the reactors where both H2O2 and Fe(II) were generated. These experiments 
also demonstrated that the flow rate of the input solution, nutrient, and electron donor 
concentrations have to be optimized to maximize the efficiency of the microbially-driven Fenton 
reaction. The degradation of 1,4-dioxane was established in the FTCs and was more efficient in 
aerated columns than columns not exposed to dissolved oxygen, providing strong evidence for the 
microbial-driven Fenton reaction in flow-through systems, although the reaction may not be as 
efficient as originally achieved in batch reactors. These findings suggest either that growth rates 
in FTCs have to be optimized by altering nutrient (i.e., orthophosphate) concentrations or that 
Fe(III) oxyhydroxides are not as efficient as soluble Fe(III) substrates in promoting the 
microbially-driven Fenton reaction, possibly as a result of secondary mineralization processes that 
may deplete reactive Fe(III) from the system. These potential issues were investigated in batch 
reactor incubations using redox oscillations to be able to promote the microbially-driven Fenton 
reaction with S. oneidensis. 

 Batch reactor incubations using up to four complete redox cycles demonstrated that enough 
electron donor was required to sustain the microbially-driven Fenton reaction, that lactate was 
rapidly taken up by the cells before respiration, and that low electron donor conditions may favor 
oxidative degradation of acetate by S. oneidensis. More importantly, batch reactor incubations 
demonstrated that higher orthophosphate concentrations are preferred to enhance bacterial growth 
in the reactors and that most of this growth appears to occur during the aerated phase of the 
incubations. In addition, high orthophosphate concentrations are preferred to promote the 
microbially-driven Fenton reaction, as low orthophosphate concentrations promote production of 
ferryl-ion intermediates that may decrease the production of hydroxyl radicals. In turn, high 
orthophosphate concentrations promote precipitation of iron phosphate minerals as secondary 
mineral products that may limit the recycling of Fe(III) oxyhydroxides. Thus, orthophosphate 
concentrations that are sufficiently high to promote growth and generate hydroxyl radicals are 
required to be able to sustain the microbially-driven Fenton reaction but not enough to exceed the 
solubility product of vivianite and other iron phosphate minerals which may scavenge iron and 
decrease the sustainability of the reaction. Secondary mineralization to goethite was evident in the 
low orthophosphate incubations and did not appear to prevent the microbially-driven Fenton 
reaction.  

 Batch reactor experiments also provided new insights into the mechanism of the 
microbially-driven Fenton reaction. It appears that direct production of H2O2 by reduction of 
dissolved O2 by S. oneidensis during the aerated phase is not significant. Instead, most of the H2O2 
produced occurs during the sealed period by a cryptic ROS cycle that seems to involve the 
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microbial production of superoxide at the beginning of the sealed phase, when dissolved O2 is still 
available. As O2 is consumed, S. oneidensis switches to Fe(III) reduction which produces Fe(II) 
that may successively react with superoxide to generate H2O2. The abiotic reduction of H2O2 to O2 
with formation of the ferryl intermediate may be favored in the low orthophosphate media, whereas 
formation of hydroxyl radical is most significant in high orthophosphate conditions. The anaerobic 
generation of O2 in the low orthophosphate media may then promote a catalytic process that 
involves either the microbially- or abiotically-produced superoxide that enhances abiotic 
production of H2O2 by Fe(II) oxidation in a cryptic ROS cycle. Net accumulation of H2O2 during 
the sealed period indicates that the rate-limiting step in this process must be H2O2 reduction. When 
the electron donor is exhausted or the reactors are switched back to the aerated phase, Fe(III) 
reduction ceases and the cryptic ROS cycle eventually breaks down due to the lack of Fe(II) 
production.  

 Finally, batch reactor experiments demonstrated that 1,4-dioxane degradation by the 
microbially-driven Fenton reaction may not be as efficient with ferrihydrite than ferric citrate as 
terminal electron acceptor, even though recycling of Fe(III) during the first oxidative cycle in the 
ferric citrate incubations resulted in the production of an iron oxyhydroxide phase with the same 
reactivity as in the ferrihydrite incubations. As organic ligands are known to affect the Fenton 
reaction, it is likely that stabilization of Fe(II) by ligands in solution as well as participation of the 
organic ligand in dark ROS production affects the generation of hydroxyl radicals that are involved 
in organic contaminant degradation. The pandemic prevented to test these hypotheses more 
thoroughly. Future studies will compare incubations with and without citrate and other naturally-
occurring organic ligands (i.e. humics) to determine whether the presence of organic ligands may 
help improve the efficiency of the microbially-driven Fenton degradation of organic contaminants 
in flow-through column experiments. These findings will ultimately indicate whether the 
microbially-driven Fenton reaction occurs naturally in subsurface environments, potentially 
contributing to natural attenuation processes. In addition, the results from the flow-through column 
experiments conducted in this study demonstrate that the microbially-driven Fenton reaction is 
sustainable without high frequency redox oscillations, thus allowing us in future studies to transfer 
this technology to the pump-and-treat of contaminated subsurface waters. 
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5. Enhancement of the Microbially-Driven Fenton Reaction via Genetic 
Manipulation of Shewanella Genes Involved in Oxidative Stress Response. 
 
5A. Objective. The major objective of this work is to enhance the rate of the Fenton reaction and 
thereby the rate of contaminant degradation by manipulating select genes directly implicated in 
ROS defense in the Fe(III)-reducing facultative anaerobe Shewanella oneidensis, including 
catalases (2 H2O2 → 2 H2O + O2) and peroxidases (ROOR’ + 2e- + 2H+ → ROH + R’OH). 
 
5B. Background. The microbially driven Fenton reaction produces hydroxyl radicals (OH•) that 
degrade a wide range of environmental contaminants including pentachlorophenol, 1,4-dioxane, 
trichloroethylene, perchloroethylene, pyrene, and anthracene (1-4). In contrast to conventional 
(purely abiotic) Fenton remediation, microbially driven Fenton operates at a circumneutral pH, 
does not require exogenous addition of reagents, and regenerates catalysts. MFR is a one-pot 
bioreactor containing minimal growth medium amended with ferric iron, various environmental 
pollutants, and S. oneidensis MR-1. The bioreactor is initially degassed to allow anaerobic ferric 
iron respiration by S. oneidensis MR-1, which reduce all available Fe(III) to Fe(II). After all iron 
is reduced, the reactor is sparged with compressed air and cells will switch to aerobic respiration, 
which produces hydrogen peroxide (H2O2) and superoxide as waste products. Ferrous iron (Fe(II)) 
and H2O2 react to produce the hydroxyl radical HO•, which initiates a chain of radical reactions, 
attacking and degrading the environmental pollutants.  

The conditions inside the microbially-driven Fenton bioreactors that allow for oxidation of 
contaminants would seem inhospitable to microbes, but S. oneidensis MR-1 are able to complete 
several (4-5) cycles before contaminant degradation rate or population are affected (2, 3, 4). In 
addition to the hydroxyl radical produced by the Fenton reaction, other reactive oxygen species 
(ROS) formed by the cell include peroxides and superoxide, which are byproducts of incomplete 
metabolism of molecular oxygen during oxidative phosphorylation in cytochrome C oxidase 
during aerobic respiration. ROS are generally harmful to cells due to radical propagation reactions, 
which can damage biomolecules like DNA, proteins, and lipid oxidation, causing cell death (5). 

 
Fig 1. Metabolism of molecular oxygen during oxidative phosphorylation. 
 

Molecular oxygen is small and uncharged, and diffuses across membranes quickly enough 
to where cells cannot meaningfully lower their intracellular O2 concentration substantially below 
the extracellular O2 concentration (6). In contrast to O2, exogenous H2O2 crosses the outer 
membrane via porin proteins into the periplasm, where it passively diffuses through the inner 
membrane to the cytoplasm (7,8). Exogenous H2O2 arises from various sources: the chemical 
oxidation of reduced metals at sediment-water interfaces, including iron; the photochemical 
formation of oxidants by flavins; and excretion by lactic acid bacteria and plants attempting to 
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suppress growth of competitors and dominate resources (9). Major endogenous sources of ROS 
are generated when molecular oxygen oxidizes menaquinones or solvent-exposed FAD or FMN 
on flavoenzymes (autooxidation), especially fumarate reductase, generating destructive 
superoxide (O2

−. ) and H2O2 (10-14). While H2O2 is semi membrane-permeable, intracellular 
concentrations are tightly controlled and H2O2 influx into cells is limited by the rate of membrane 
diffusion (12). 

Consequently, many aerobic and facultative microbes, and even strict anaerobe species 
which live at sediment-water interfaces or other zones of high redox stress, evolved strategies to 
protect themselves from intracellular ROS. Upon sensing organic peroxides or H2O2, S. oneidensis 
upregulates expression of operons ohrR and oxyR, respectively (15). ohrR controls expression of 
the major organic peroxide scavenger Ohr, and periplasmic glutathione peroxidase pgpD 
(SO_1563) (15). OxyR, a transcription factor, directly senses H2O2 and acts as the primary 
regulator of oxidative stress in S. oneidensis MR-1. OxyR regulates over 20 genes involved in 
ROS detoxification by upregulating or derepressing expression of genes whose products directly 
scavenge free radicals, such as catalase and superoxide dismutase, and genes that indirectly affect 
the intracellular ROS content, like Dps, which sequesters intracellular free Fe(II) to avoid 
intracellular Fenton reaction and thus formation of intracellular hydroxyl radical (16). When 
intracellular H2O2 is low, alkylhydroperoxidase enzyme is the major scavenger in E. coli (9). The 
enzymes catalase and peroxidase directly protect the cell from H2O2 and organic peroxides when 
intracellular concentrations are high by catalyzing their conversion into water and molecular 
oxygen, while superoxide dismutase disproportionates superoxide radicals into water and H2O2, 
which is often subsequently removed by catalase (Fig. 2). S. oneidensis MR-1 encodes several 
ROS scavenging genes: 1 dedicated catalase, 2 catalase-peroxidases, 6 dedicated peroxidases, and 
1 superoxide dismutase.  

 
Figure 2. Catalase- and peroxidase-catalyzed reactions.  
 

Although S. oneidensis naturally occupy sediment-water interfaces and other redox-active 
zones, they are highly sensitive to oxidative stress and radiation, which generates intracellular ROS 
(15, 17-19). However, S. oneidensis are well-known for their ability to respire on an extensive 
range of terminal electron acceptors, which has applications for bioremediation of heavy 
metal/radionuclide contaminated soil and groundwater. While the vast anaerobic respiratory 
networks responsible for inorganic and metal respiration have been elaborated in detail, 
comparatively little has been studied about how S. oneidensis respond to oxidative stress during 
aerobic respiration, which is especially relevant during the aerobic cycles of the microbially driven 
Fenton reaction. If more is understood about how S. oneidensis protect themselves from oxidative 
stress, it may be possible to enhance contaminant degradation rates. A detailed investigation of the 
S. oneidensis MR-1 cellular response to oxidative stress is required to develop a more complete 
understanding of the role existing cellular defense mechanisms against ROS play in both 1) 
protecting the cells from oxidative stress during microbially-driven Fenton reaction, and 2) 
facilitating the microbially-driven Fenton reaction. 
 
5C. Materials and Methods. In-frame gene deletion. Ten in-frame single and double gene 
deletion mutants related to oxidative stress were constructed in Shewanella oneidensis MR-1. One 
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dedicated catalase (SO_1070, ΔkatB), two bifunctional catalase-peroxidases (SO_0725, ΔkatG2; 
SO_4405, ΔkatG1), and periplasmic glutathione peroxidase (SO_3349, ΔpgpD) were deleted from 
S. oneidensis MR-1. Double deletion combinations of each gene were also constructed, including 
ΔkatG1ΔkatG2, ΔkatBΔkatG1, ΔkatBΔkatG2, ΔkatBΔpgpD, ΔkatG1ΔpgpD, and ΔkatG2ΔpgpD 
to further elucidate the effects of each gene on ROS defense. All gene deletion mutants were 
constructed following previously described procedures (Toporek et. al., 2019). Mutant genotypes 
were confirmed by PCR and sequencing of each PCR product. 

Aerobic growth in minimal medium. All strains were activated from monocolonal colonies 
by inoculating in lysogeny broth (LB, 10 g L-1 NaCl, 10 g L-1 tryptone, 5 g L-1 yeast extract, 
Sigma-Aldrich) as a seed culture and incubated aerobically with shaking overnight at 30ºC. 
Cultures were harvested by centrifugation at 10,000 x g, washed, and resuspended into minimal 
medium amended with 20mM lactate (20) All cultures were incubated aerobically at room 
temperature in 50mL of liquid medium in a 150mL serum bottle, which was continuously supplied 
with sterilized compressed air in the headspace and stirred at 300rpm until cultures reached 
stationary phase (35-60 hrs). 

H2O2 scavenging assays. To compare the abilities of the Shewanella spp. to remove 
H2O2 from their environment, strains were seeded overnight at 30ºC in lysogeny broth (LB, 10 g 
L-1 NaCl, 10 g L-1 tryptone, 5 g L-1 yeast extract, Sigma-Aldrich), harvested by centrifugation at 
3000 rpm, washed and transferred into minimal medium amended with 20mM lactate at an 
OD600 = 0.02. Cells were incubated at 30ºC until harvesting at mid-log phase (OD600 = 0.15-0.35), 
washed twice with minimal medium, then inoculated at OD600 = 0.05 into a 24-well plate holding 
2mL minimal medium amended with 20mM lactate and various concentrations of H2O2 (0-100 
μM). Samples were collected every 3-5 minutes and analyzed immediately for residual exogenous 
H2O2 using the resorufin-horseradish peroxidase colorimetric assay (21). Plates were incubated 
aerobically at room temperature with shaking for the duration of the experiments (30-200min). 
H2O2 scavenging rates followed exponential decay patterns, thus whole-cell scavenging data were 
treated as Michaelis-Menten single substrate enzyme kinetics for simplicity. Data were plotted in 
Lineweaver-Burk graphs (not shown), least squares regression was used to determine the best fit 
to find Km and Vmax values (where Km is the Michaelis–Menten constant and Vmax is the maximum 
reaction velocity), and Michaelis-Menten saturation plots were generated for each strain (Figs. 4b, 
5b, 7b). 

Microbially driven Fenton bioreactors with S. oneidensis MR-1 and single gene deletion 
mutants. Microbially driven Fenton bioreactors were run without contaminants as a pilot test to 
determine whether there was a difference in iron reduction ability or rates between wild-type S. 
oneidensis and single deletion mutant strains. Strains were activated from monocolonal colonies 
by inoculating in LB medium and incubated aerobically with shaking overnight at 30ºC. Cultures 
were harvested by centrifugation at 13.2 rcf, washed, and resuspended into minimal medium 
amended with 20mM lactate overnight in 50mL tubes with no headspace to anaerobically 
precondition cells. S. oneidensis liquid cultures (109 cells mL-1 in M1 medium amended with 
20mM lactate and 10 mM Fe(III) as ferric citrate) were inoculated in 100 mL of medium in 150-
mL glass serum bottles. Anoxic conditions were maintained by injecting (hydrated) compressed 
nitrogen until the pool of Fe(III) was reduced to approximately 7 mM Fe(II) (approximately 7 h 
of anaerobic incubation; Fe(II)-generating phase). The compressed nitrogen line was then replaced 
by a hydrated compressed air line and the Fe(II)-containing S. oneidensis liquid culture was 
incubated under aerobic conditions until the 10 mM pool of Fe(II) was completely oxidized to 
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approximately 0-0.5 mM level (approximately 2.5 h of aerobic incubation; H2O2-generating 
phase). Reactor temperature (25°C) and pH (7.0) were held constant throughout all reactor phases.  
 
5D. Results and Discussion. 

In addition to the ROS stress caused by molecular oxygen oxidizing flavoenzymes, aerobic 
respiration is a main source of intracellular ROS due to incomplete reduction of O2 to H2O. Since 
the constructed mutants all lacked key enzymes related to oxidative stress protection, aerobic 
growth rates of each mutant strain were tested in minimal medium to determine effect, if any, of 
ROS-related gene deletion on cell growth. Single-deletion mutant strains ΔkatB and ΔkatG2 grew 
to wild-type cell density (OD600 = 1), but periplasmic glutathione peroxidase mutant ΔpgpD would 
only grow at 30ºC (data not shown) and would not grow past OD600 = 0.059 at room temperature 
(Fig. 3a). This diminished growth phenotype is consistent with a previous report that pgpD is the 
third most upregulated gene in S. oneidensis under H2O2 stress (Gao 2014). Without PgpD, cells 
may be unable to completely scavenge H2O2 at rates required for robust cell growth, and remain 
under chronic oxidative stress. Catalase-peroxidase mutant ΔkatG1 also displayed inhibited 
growth relative to wild-type and other mutants, but was still able to grow tenfold to OD600 = 0.22 
at room temperature. These data suggest PgpD and KatG-1 are likely key components of ROS 
detoxification during cell growth under the conditions tested. 

Double mutant strains ΔkatG1ΔkatG2, ΔkatBΔkatG1, and ΔkatBΔpgpD, grew to wild-type 
cell density OD600 = 1 (Fig. 3b). ΔkatG1ΔpgpD, ΔkatG2ΔpgpD, and ΔkatBΔkatG2 did not grow 
at room temperature, but maintained populations around their initial cell densities for the duration 
of the experiment at OD600 =0.017, 0.025, and 0.02, respectively (Fig. 3b). 
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Figure 3. Aerobic growth curves of wild-type S. oneidensis MR-1 and ROS single- and double-deletion 
mutants in minimal medium. Broken lines indicate cell density is at 0. 
 

All single mutants had impaired exogenous H2O2 scavenging rates when compared with 
the wild-type under the conditions tested (Fig. 4a), with ΔpgpD again displaying the lowest 
scavenging rate (Fig, .4b). ΔpgpD scavenged 20 μM exogenous H2O2 in 80 minutes, double the 
wild-type scavenging time, and displayed similarly depressed Km and Vmax when compared to 
wild-type (8.6 vs. 15.2 μM; 0.5 vs 1.9 μM/min, respectively, Table 1). ΔkatG1 again showed the 
second most affected scavenging rate (Km 2.7 μM, Vmax 0.5 μM/min, Table 1) when compared 
with the wild type (Fig. 4), but the Km is likely skewed low due to the mutant switching kinetic 
strategies during the experiment. ΔkatG1 appears to show zero order decay of H2O2 for the first 
20 minutes of the experiment, and then displays first order decay for the duration of the experiment 
(Fig. 4a). ΔkatG1 may experience a 20-minute acclimation period to H2O2, during which it may 
upregulate or induce other genes that are able to compensate for KatG1 and rapidly scavenge any 
remaining H2O2. Surprisingly, ΔkatB and ΔkatG2 showed near-wild-type patterns of H2O2 
scavenging (Km 13.8, 13.2 μM; Vmax 1.4, 1.5 μM/min, respectively) (Table 1). In another study, 
these genes were the most upregulated under exogenous H2O2 stress (16). It is likely that loss of 
either KatB or KatG2 within a background of other functional scavenging enzymes is not enough 
to show a significant deleterious effect during exogenous H2O2 scavenging. 
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Table 1. Whole-cell exogenous hydrogen peroxide scavenging rates of assorted Shewanella strains and S. 
oneidensis gene deletion mutants. 
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Figure 4. a. Whole-cell scavenging of exogenous H2O2 from 0-20 μM in minimal medium by wild-type S. 
oneidensis MR-1 and in-frame gene deletion mutants S. oneidensis ΔkatB, ΔkatG-1, ΔkatG-2, and ΔpgpD. 
b. Michaelis -Menten saturation plots. 
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Following these results, double mutants were tested to determine whether there was more 
significant impairment of H2O2 scavenging rates upon concurrent loss of multiple scavenging 
proteins (Fig. 5). ΔkatBΔkatG1 and ΔkatBΔkatG2 scavenging rates were significantly impaired 
(Km 6.4, 2.4 μM; Vmax 1.0, 0.4 μM/min, respectively) (Table 1) especially above 10 μM H2O2. 
ΔkatBΔpgpD and ΔkatG1ΔpgpD were also significantly impaired and took approximately twice 
as long as wild-type to clear exogenous H2O2 ((Km 3.1, 3.1 μM; Vmax 0.6, 0.3 μM/min, 
respectively) (Table 1). ΔkatG2ΔpgpD was mildly impaired when compared to wild-type 
scavenging time, but significantly impaired at scavenging kinetics (Km 1.8 μM, Vmax 0.4 μM/min, 
Table 1). ΔkatG1ΔkatG2 scavenged H2O2 in a similar amount of time as wild-type (Fig. 5), but 
with different kinetics (Km 4.9 μM, Vmax 1.0 μM/min, Table 1).  

Loss of only katB does not impact scavenging rates as much as loss of katG1, but when 
both katB and either katG1 or katG2 are absent from the genome, scavenging rates are severely 
affected. This suggests S. oneidensis likely utilize KatG1 or KatG2 in the absence of the main 
catalase KatB. Loss of PgpD in combination with loss of another scavenger also further impairs 
H2O2 scavenging rates, but not as severely. 
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Figure 5. a. Whole-cell scavenging of exogenous H2O2 from 0-20 μM in minimal medium by wild-type 
S. oneidensis MR-1 and in-frame double gene deletion mutants S. oneidensis ΔkatBΔkatG-1, ΔkatBΔkatG-
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2, ΔkatG-1ΔkatG-2, ΔkatBΔpgpD, ΔkatG-1ΔpgpD, and ΔkatG-2ΔpgpD. b. Michaelis -Menten saturation 
plots. 
 

Under the conditions tested, all single mutant strains had similar rates of Fe(III) reduction 
(1mM/hr) and reoxidation (2.4mM/hr) (Fig. 6) with the wild-type strain. Clearly, mutants can still 
respire on Fe(III)-citrate at wild-type rates and this ability was not affected by lack of catalase or 
peroxidase. Double mutants were not tested. Incubations with a contaminant remains to be tested 
to determine whether mutants with reduced rates of H2O2 scavenging have enhanced 1,4-dioxane 
degradation rates.  
 

 
Figure 6. Microbially-driven Fenton reaction by wild-type S. oneidensis MR-1 and in-frame gene deletion 
mutants S. oneidensis ΔkatB, ΔkatG-1, ΔkatG-2, and ΔpgpD. White or gray shading represents N2 or 
compressed air injection, respectively, into bioreactor headspace. 
 

Along similar lines, we tested other Shewanella species S. algae BrY, S. baltica, and S. algae 
MN-01 for their H2O2 scavenging rates, at a higher concentration range than previously (0-100 μM) 
as a comparison (Fig. 7). S. oneidensis MR-1 was by far the weakest H2O2 scavenger tested (Km 
3.8 μM, Vmax 1.1 μM/min, Table 1), and appears to reach saturation above 40 μM, where the 
scavenging profile changes from zero order between 0-40 μM to first order above 40 μM. S. baltica 
and S. algae MN0-1 were the strongest scavengers tested (Km 4195.2, 806.1 μM; Vmax 320.3, 64.6 
μM/min, respectively) (Table 1) and likely were not saturated at conditions tested. Consequently, 
Km and Vmax reported here may be excessively high, and these experiments need to be repeated at 
a higher concentration range to determine true Km and Vmax. S. algae BrY (Km 62.9 μM, Vmax 4.1 
μM/min, Table 1) placed in between S. oneidensis and the other two species for H2O2 scavenging 
rate.  
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Figure 7. Whole-cell scavenging of exogenous H2O2 from 0-100 μM in minimal medium by wild-type S. 
oneidensis MR-1, S. algae BrY, S. baltica, and S. algae MN-01. b. Michaelis -Menten saturation plots. 
 
5E. Conclusions and Future Implications. S. oneidensis single and double mutants lacking ROS 
scavenging genes all displayed impaired H2O2 scavenging abilities, yet retained wild-type Fe(III)-
reduction rates. All mutants need to be tested in a microbially driven Fenton bioreactor with 1,4-
dioxane, a contaminant previously degraded. Furthermore, comparison of S. oneidensis H2O2 
scavenging with other Shewanella species demonstrates S. oneidensis as the weakest H2O2 
scavenger tested. Perhaps the ability of S. oneidensis to degrade contaminants is due to such poor 
scavenging; if excessive H2O2 remains in the environment during the contaminant-degrading phase 
of the microbially driven Fenton reaction, there may be more availability for HO• to attack and 
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degrade contaminants. The genomes of the Shewanella species tested have similar arsenals of ROS 
scavenging genes, yet dramatically different H2O2 scavenging rates. Additional Fe(III)-reducing 
Shewanella species should be tested for contaminant degradation ability and rates.  
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